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REN, ZE, Ph.D, December 2019            Organismal Biology, Ecology, and Evolution 
Ecological Stoichiometry in Watersheds: From Land to Water in the Qinghai Lake 
Basin 
Chairperson: Dr. James J. Elser 
We examined the influences of grassland status (as indexed by normalized difference 
vegetation index, NDVI) on carbon (C), nitrogen (N), and phosphorus (P) concentrations 
and stoichiometry, nutrient limitation, as well as microbial community structure in soil, 
stream, and/or lake ecosystems in the Qinghai Lake watershed, where grassland is the 
dominant landcover and more than half of the grassland is degraded. 
Chapter 2 showed that grassland degradation decreased C and N concentrations as well as 
C:N, C:P, and N:P ratios in soil. Moreover, grassland degradation decreased C, N, and P 
concentrations and influenced C:N and N:P ratios in soil microbial biomass. Soil 
microorganisms exhibited strong homeostatic behavior while variations of microbial 
biomass C:N and N:P ratios suggest changes in microbial activities and community 
structure. The soil became relatively more P rich and thus N limitation is anticipated to be 
more apparent with grassland degradation. Chapter 3 provided a picture of potentially 
differential influences of grassland degradation on DOC, TN, and TP in streamwater. The 
imbalances of C:N:P stoichiometry between streamwater and biofilms and the non-
isometric relationships between biofilm C and P suggest that stream biofilms might be 
limited by P and sensitive to P variation. Chapter 4 indicated that grassland degradation 
has the potential to differentially influence the nutrients delivered to streams with 
substantial increases in P but decreases in N and N:P, alleviating P limitation of stream 
periphyton and, ultimately, stimulating P-limited phytoplankton growth in the lake. 
Chapter 5 revealed that grassland degradation shifted bacterial diversity and communities 
in soil, likely by changing soil moisture, soil organic carbon, total nitrogen, and total 
phosphorus. Chapter 6 showed that the variation of bacterial communities in stream 
biofilms was closely associated with rate of change in NDVI, pH, conductivity, as well as 
C, N, P contents and C:N ratio in biofilms per se. Alpha diversity was positively correlated 
with C, N, and P in biofilms. Abundant subcommunities of microbes were more strongly 
associated with environmental variables. 
Overall, my dissertation revealed strong impacts of grassland degradation on several 
aspects of nutrient dynamics and limitation as well as on microbial communities in 
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Chapter 1 Introduction 
Grassland Degradation 
Grasslands account for ~40% of the world’s land surface (excluding Greenland and 
Antarctica) and are among the largest terrestrial biomes in the world (Suttie et al., 2005). 
However, these grasslands are experiencing widespread degradation due to human impacts 
(Gang et al., 2014). Grassland degradation is a process of retrogressive succession 
(Dyksterhuis, 1949; Li, 1997), in which aboveground vegetation coverage and biomass 
decline. This leads in turn to simultaneous impairment of soil physical, chemical, and 
biological properties, such as declines in soil moisture, soil nutrients, perturbation of 
microbial communities, as well as increases in soil erosion (Abril and Bucher, 1999; Viragh 
et al., 2011; Li et al., 2012a; Dlamini et al., 2014). Anthropogenic impacts on grasslands 
also affect aquatic systems because terrestrial and aquatic ecosystems are highly linked in 
watersheds (Williamson et al., 2008). Thus grazing-induced grassland degradation likely 
affects the cycling of multiple key chemical elements that regulate the structure and 
function of aquatic and terrestrial ecosystems in the watershed (Schlesinger and Bernhardt, 
2013).  
Important grasslands are found on the Qinghai-Tibet Plateau (QTP), which is known as the 
“Third Pole” of the Earth and which is extremely vulnerable to anthropogenic activities 
and global climate change (Jin et al., 2005; Zhao et al., 2006; Qiu, 2008; Yao et al., 2012). 
On the QTP, grassland covers more than 60% of the plateau, accounting for 44% of China’s 
grasslands and 6% of the world’s grasslands (Scurlock and Hall, 1998; Tan et al., 2010). 
In recent decades, however, the QTP grassland has experienced serious degradation due to 
various driving forces, but especially climate change and overgrazing (Harris, 2010). In the 
study area, the Qinghai Lake watershed, half of the grassland was classified as degraded in 
2010 (Luo et al., 2013). 
To study this degradation, researchers often employ the normalized difference vegetation 
index (NDVI) derived from satellite observations as a vegetation index (Thiam, 2003; 
Yengoh et al., 2014). It has been consistently demonstrated that NDVI is closely related 
with above-ground vegetation biomass and coverage (Carlson and Ripley, 1997; Eastwood 
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et al., 1997) and thus NDVI is commonly used to estimate regional vegetation coverage 
(Carlson and Ripley, 1997). Indeed, the China National Standards (GB19377-2003) 
classify the degree of grassland degradation based on grassland vegetation coverage as 
indicated by NDVI. Thus, NDVI has been widely used to estimate vegetation status and 
indicate grassland degradation (Thiam, 2003; Akiyama and Kawamura, 2007; Li et al., 
2013; Hilker et al., 2014). In our study area, NDVI had strong relationships with in situ 
measured aboveground biomass, fractional vegetation cover, and grass species richness 
(Ren et al., 2019). Moreover, various grassland vegetation factors (including aboveground 
biomass, fractional vegetation cover, grass species richness, and NDVI) were not 
associated with elevation although the study area across a large space (Ren et al., 2019). In 
addition, NDVI also exhibited large spatial variation across our study region. Thus, the 
spatial variation of NDVI permits us to use an approach known as “space-for-time” 
substitution (Figure 1.1) to study impacts of grassland degradation by comparing sub-
basins differing in NDVI. To assess the possibility of non-independence of the sampling 
sites, we tested if differences between NDVI values were correlated with the linear distance 
between them (Figure 1.2). This relationship was statistically significant (P=0.002) but 
quite weak (R2=0.039), suggesting that spatial non-independence would not contribute 
strongly to our space-for-time approach. 
“Space-for-time” substitution is an alternative strategy to study long-term phenomena in 
ecology (Pickett, 1989; Blois et al., 2013). It has been used widely and successfully, 
especially in systems that experience strong successional dynamics (Pickett, 1989). In this 
approach, temporal processes (past or future trajectories) of ecosystems are studied and 
inferred via contemporary spatial patterns (Blois et al., 2013). A good example for the 
application of “space-for-time” substitution is in studying the impact of natural disturbance 
on ecosystems (Pickett, 1989). Response to natural disturbance has been recognized as a 
long-term process. However, systematic long-term studies are usually absent (Sousa, 1984). 
Thus, the spatial distribution of disturbances has been widely used to construct disturbance 
temporal regimes (Pickett, 1989). A variety of studies using the “space-for-time” 
substitution approach indicate that the approach provides consistent estimates of realistic 
long-term variations (Meurant, 2012; Blois et al., 2013). Grassland degradation is a natural 
 
3 
and anthropogenic disturbance. However, intensive and systematic long-term studies of 
grassland degradation are lacking. Thus, according to “space-for-time” substitution, spatial 
patterns of grassland status were used to study the impacts of grassland degradation in the 
Qinghai Lake watershed in this study (Figure 1.1). 
 
Figure 1.1 (a) Field photos showing in situ grassland status. (b) Long-term grassland 
degradation process. (c) According to “Space-for-Time” substitution, the contemporary 
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spatial pattern of grassland status was used to study grassland degradation in Qinghai Lake 
watershed. 
 
Figure 1.2 Relationships between geographic distance and NDVI difference of paired 
sample sites. 
Landcover Change Influences Terrestrial Ecosystems 
Changes in landcover significantly affect the structure, function, and elemental balances of 
terrestrial ecosystems (Tischer et al., 2014), potentially shifting the combined carbon (C), 
nitrogen (N), and phosphorus (P) stoichiometry in soil (Zhao et al., 2015) as well as 
affecting microbial activities, community composition, and stoichiometry (Anderson et al., 
2011; Li et al., 2014; Ng et al., 2014; Tischer et al., 2014).  
In grassland soil, large proportions of organic carbon and nutrient stocks are concentrated 
in the top layers (Gill et al., 1999). Thus, any external disturbance is likely to cause 
dramatic soil nutrient depletion, which in turn affects vegetation properties (Steffens et al., 
2008; Ruiz-Sinoga and Romero Diaz, 2010; Dong et al., 2012; Dlamini et al., 2014). Indeed, 
nitrogen and phosphorus losses are higher in degraded grassland than in non-degraded 
grassland (Wu and Tiessen, 2002; Steffens et al., 2008). The large losses of nutrients in 
degraded grassland systems are primarily due to erosion, loss of vegetation cover, and soil 
texture changes (Dong et al., 2012; Su et al., 2015). Soil erosion is highly correlated with 
vegetation properties, such as vegetation density and coverage. Degraded grassland has 
higher soil erosion than non-degraded grassland (Zhao et al., 2011; Su et al., 2015) and 
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topsoil erosion causes substantial loss of soil organic matter (Zhu, 2011). Moreover, soil 
properties influence the retention and transfer of soil nutrients (Swift et al., 2004). 
Degraded grassland has higher soil bulk density but lower values of porosity, infiltration, 
and soil moisture than non-degraded grassland (Zhao et al., 2011; Hiltbrunner et al., 2012; 
Su et al., 2015), leading to heavy scour from surface flow that amplifies the loss of soil 
organic matter and nutrients (Zhao et al., 2011). The decline of vegetation coverage, 
biomass, and density can influence the dynamic nature of the plant–soil interactions 
through the modification of the water cycle and the fluxes of other elements, potentiating 
depletion of soil organic carbon and organic nitrogen by soil erosion (Mchunu and Chaplot, 
2012; Dlamini et al., 2014).  
The overall reduction of soil organic matter and nutrients in degraded grassland have been 
consistently demonstrated. However, the relative losses of nitrogen and phosphorus during 
grassland degradation are still unclear (Wen et al., 2013; Wang et al., 2014), likely because 
many studies focus on one element at a time. While it has been suggested that soil C:N:P 
ratios change with variations in land use (Zhao et al., 2015), variations in C:N:P 
stoichiometry in soil are highly complex (Zhang et al., 2013). In general, the major sources 
of total soil C and N are biological (primary production, nitrogen fixation) while 
weathering of primary rock minerals provides the dominant source of total P (Walker and 
Syers, 1976; Chadwick et al., 1999). Thus, shifts in vegetation cover, plant community 
composition, geomorphology, as well as soil texture and geology all potentially affect 
nutrient stoichiometry in soil (Aponte et al., 2010; Li et al., 2012b). Since grassland 
degradation affects all of these primary factors, we might also expect degradation to 
differentially affect the accumulation or losses of N and P in soils and thus soil C:N:P ratios. 
This is important because soils with different C:N:P ratios as well as plants with different 
foliar C:N:P ratios undergo different litter decomposition processes and rates, leading to 
differential cycling of N and P to soil (Zhang et al., 2013). We might also expect that these 
differential losses of N and P from soil to be manifested in the concentrations and ratios of 
N and P in streamwater in affected catchments, potentially affecting nutrient limitation in 
the stream and in downstream lakes. Moreover, as argued above, impacts of grassland 
degradation are likely to differentially affect the cycling of N and P. Study of such multi-
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element disruptions is facilitated by application of the theory of ecological stoichiometry, 
which involves the study of balance of multiple chemical elements in ecological systems 
(Sterner and Elser, 2002). 
Organism growth can be limited by supplies of key nutrients while biota can reciprocally 
affect the availability of nutrients in the environment (Sterner and Elser, 2002). For 
example, microbial demand and use of resources are driven by the elemental stoichiometry 
of their own biomass and the efficiency of growth but are also regulated by the availability 
and stoichiometry of soil nutrients (Cleveland and Liptzin, 2007; Griffiths et al., 2012; 
Manzoni et al., 2012). A large proportion of soil microorganisms is heterotrophic and 
assumed to exhibit stronger homeostasis at the organismal level than photoautotrophic 
organisms (Sterner and Elser, 2002; Cleveland and Liptzin, 2007; Heuck et al., 2015; Fanin 
et al., 2017). Since different taxa of microbes can have different homeostatically regulated 
C:N:P ratios in their biomass as well as different abilities to acquire C, N, and P, changing 
soil environmental conditions likely shift microbial community composition and thus alter 
the stoichiometry of microbial biomass (Harris, 2009; Hall et al., 2011; Fanin et al., 2013; 
Tischer et al., 2014; Heuck et al., 2015). As argued above, impacts of grassland degradation 
are likely to differentially affect the cycling of N and P. With grassland degradation, 
changes in soil texture and depletion of soil organic matter and nutrients also affect 
microbial activities and communities (Abril and Bucher, 1999; Mekuria et al., 2007). For 
example, ammonifiers, nitrifiers, and cellulolytic groups all decline in abundance and 
activity with the intensity of grassland degradation (Abril and Bucher, 1999). Moreover, 
soil microorganisms control the fluxes of C, N, and P through respiration, mineralization, 
and immobilization, leading to feedbacks on their own biomass stoichiometry (van der 
Heijden et al., 2008; Mooshammer et al., 2012). Thus, in order to better understand 
biogeochemical cycles in terrestrial ecosystems in the face of landcover transformation and 
climate change, it is essential to understand the stoichiometric interactions between soil 
nutrients and soil microbes (Philippot et al., 2013; Handa et al., 2014).  
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Landcover Change Influences Stream Ecosystems 
Inland waters are sentinels and integrators of terrestrial processes through the transport and 
storage of water, nutrients, and energy (Williamson et al., 2008). Small streams connect 
the terrestrial environment with larger rivers (Figueiredo et al., 2010) and are the primary 
receivers of nutrients and organic matter exported from terrestrial ecosystems (Vannote et 
al., 1980; Figueiredo et al., 2010; Deegan et al., 2011). On a larger scale, rivers play a 
critical role linking upland watersheds with downstream aquatic ecosystems, including 
lakes and coastal waters (Cronan, 2012). Both streams and rivers are strongly influenced 
by the landscapes through which they flow (Vannote et al., 1980; Allan, 2004) and thus are 
particularly sensitive to terrestrial change (Bring and Destouni, 2009; Holmes et al., 2012). 
Aquatic impacts of changing landcover can often first be observed via their effects on 
stream biofilms, which include attached algae, bacteria, and fungi as well as detritus and 
extracellular materials. Biofilms play a vitally important role in stream ecosystems 
(Godwin and Carrick, 2008; Larned, 2010), acting as the dominant source of primary 
production in streams and thus contributing significantly to secondary production (Mayer 
and Likens, 1987; Hall et al., 2001). Moreover, biofilms are integral to biogeochemical 
cycling in stream ecosystems through nutrient uptake, transfer of nutrients to higher trophic 
levels, and remineralization (Schiller et al., 2007). The abundance and condition of 
biofilms are influenced by many environmental factors, such as nutrient availability, light 
intensity, water temperature, and flow velocity (Fanta et al., 2010). In streams flowing 
through a grassland watershed, nutrient availability might have a particularly important 
role for biofilm growth without the profound impacts of a forest canopy on light, 
temperature, and coarse organic matter inputs (Townsend and Riley, 1999; Riley et al., 
2003). Stream biofilms also have a complex stoichiometry. In biofilm assemblages, various 
heterotrophic and autotrophic taxa are tightly linked to each other via trophic and 
competitive interactions (Fitter and Hillebrand, 2009) via the transfer of different types of 
nutrients associated with different biological processes (Peterson et al., 2001; Burgin and 
Hamilton, 2007; Ishida et al., 2008; Mulholland et al., 2008; Drake et al., 2012). The 
community composition, biomass, and stoichiometry of biofilms change significantly with 
available nutrients in streams (Fanta et al., 2010; Hill et al., 2011; Drake et al., 2012). 
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Moreover, bacteria and algae can compete with each other for inorganic nutrients, 
especially phosphorus (Danger et al., 2007) but may nevertheless show close positive 
correlations in biomass and productivity because bacteria also rely on algal activity and 
carbon exudates (Hepinstall and Fuller, 1994; Carr et al., 2005). C:N and C:P ratios of 
biofilms generally decrease with increasing nutrient availability (Frost et al., 2005; Kohler 
et al., 2011), while purely heterotrophic biofilms have been observed to have higher C:P 
ratios than autotrophic assemblages (Fitter and Hillebrand, 2009). However, elevated 
stream nutrient concentrations can decouple autotrophic and heterotrophic processes in 
biofilms due to decreased demand for recycled nutrients (Scott et al., 2008).  
Stream biofilms are potentially linked to watershed conditions because landcover 
significantly controls the export of C, N, and P from catchments to aquatic ecosystems 
(Abell et al., 2011; Erol and Randhir, 2013; Umbanhowar et al., 2015), potentially shifting 
biofilm community structure. For example, previous research has demonstrated variation 
of stream diatom composition in relation to landcover change from forest to agriculture to 
urban catchments (Walker and Pan, 2006; Smucker et al., 2013; Teittinen et al., 2015), 
close relationships between longitudinal patterns of stream periphyton biomass and pasture 
degradation on the Qinghai-Tibet Plateau (Ren et al., 2013), and an influence of landcover 
conditions on biofilms stoichiometry (O'Brien and Wehr, 2010). Overall, these studies 
indicate that grassland degradation has strong potential to affect the quantity, composition, 
and stoichiometry of nutrients exported from the land into streams by changing soil 
nutrients and microbial communities. As the grassland degrades, soil nutrient contents 
decrease significantly (Wen et al., 2013; Wang et al., 2014), being lost to erosion and runoff. 
Small streams may be the most important component in regulating transport and 
transformation of these nutrients in large drainages because of their high proportion of 
channel length in the whole river network and their large surface area to-volume ratios, 
which favor rapid nutrient uptake and processing (Alexander et al., 2000; Peterson et al., 
2001). Thus, changes in landcover in a watershed affect terrestrial biogeochemical cycles, 




Landcover Change Influences Lake Ecosystems 
Aquatic ecosystems face increasing pressures and threats from disturbances of upland 
watersheds associated with landcover change (Li et al., 2009; Cronan, 2012). This is of 
interest because lakes have an intimate relationship with catchment characteristics through 
material transport by surface runoff (Zhang, 2011; Canham et al., 2012; Cronan, 2012; 
Sadro et al., 2012). Streams and rivers receive nutrients (such as nitrogen and phosphorus) 
and organic matter exported from terrestrial ecosystems (Vannote et al., 1980; Figueiredo 
et al., 2010; Deegan et al., 2011), and connect upland watershed with downstream lakes 
and coastal waters (Figueiredo et al., 2010; Cronan, 2012). Thus, catchment landcover 
substantially controls the export of carbon and nutrients to lake ecosystems (Abell et al., 
2011; Erol and Randhir, 2013; Umbanhowar et al., 2015) and thus indirectly affects the 
biomass and community structure of phytoplankton and zooplankton (Dodson et al., 2005; 
Hoffmann and Dodson, 2005; Vanni et al., 2011), ultimately impacting the suitability of 
water resources for fisheries and water supplies. 
In lakes, both nitrogen and phosphorus can be growth-limiting nutrients for many 
organisms, including bacteria, algae, and zooplankton (Elser et al., 2001; Sterner and Elser, 
2002; Elser et al., 2007). Lake ecosystems respond rapidly to nutrient alterations, 
particularly oligotrophic lakes where a small change in absolute concentration can mean a 
large change in relative availability (Brahney et al., 2015). In lakes, phytoplankton form 
the base of food webs supporting higher trophic levels. The growth, reproduction, 
elemental composition, and even community structure of these primary producers strongly 
depends on the supplies of N and P (Sterner and Elser, 2002; Klausmeier et al., 2004). For 
example, relatively subtle changes in the supplies of N and P might shift phytoplankton 
between N- and P-limited growth (Elser et al., 2009) or primary producers might be 
synergistically limited by supplies of N and P (Elser et al., 2007; Harpole et al., 2011). As 
a result, N:P ratios are useful inferring potential nutrient limitation (N vs P) (Smith, 1983; 
Ptacnik et al., 2010). As argued above, grassland degradation is likely to differentially 
affect the N and P pools in soil, which potentially differentially affects N and P exported 
to a downstream lake, affecting lake trophic status depending on lake N/P limitation. 
Assessing nutrient limitation and stoichiometry facilitates understanding the responses of 
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lake ecosystems to nutrient inputs and may help in mitigating the effects of changes of 
nutrient inputs.  
Research Questions, Hypotheses, and Predictions 
Overall, landcover changes not only alter terrestrial biogeochemical processes but also 
have strong potential to affect nutrient limitation and stoichiometry in aquatic ecosystems. 
Moreover, the microbial communities in terrestrial and aquatic ecosystems likely also 
experience strong impacts from grassland degradation, potentially influencing 
biogeochemical processes and microbial stoichiometry. Thus, a comprehensive study 
(Figure 1.3) of nutrient dynamics and stoichiometry, as well as microbial community 
composition and potential functions, that integrates data from terrestrial and aquatic 
ecosystems can provide more complete picture of the effects of grassland degradation.  
 
Figure 1.3 General framework of this study 
Because this work was done with the help of many collaborators especially in the field 
sampling and laboratory analyses, I will use “we” instead of “I” in my thesis to reflect their 
contributions.  
In Chapter 2, the research questions were: (1) do soil nutrient pools and stoichiometry 
respond to grassland degradation? By how much? In what direction? and (2) do C, N, and 
P concentrations and ratios in soil microbial biomass respond to grassland degradation? By 
how much? In what direction?  
We hypothesized that (1) soil nutrient stocks and stoichiometry are affected by grassland 
degradation due to differential impacts on N vs. P processes, and (2) C, N, and P 
concentrations in soil microbial biomass and their ratios are affected by grassland 
degradation due to its differential impacts on N vs. P processes.  
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To test these hypotheses, we assessed the C, N, and P concentrations and stoichiometry in 
soil and soil microbial biomass in sample sites differing in grassland status (as indicated 
by normalized difference vegetation index, NDVI). If these hypotheses are correct, we 
predict that, when we assess soil nutrients and microbial stoichiometry across a gradient of 
grassland degradation in the Qinghai Lake basin: (1) Pools of available soil N and P will 
decline (Figure 1.4a) and N:P ratio will vary (increase or decrease; see different scenarios) 
with the degree of grassland degradation as indexed by NDVI (Figure 1.4). In Scenario 1, 
soil nitrogen declines more quickly than soil phosphorus with grassland degradation; as a 
result, soil N:P ratio will decrease with grassland degradation (Figure 1.4b). In Scenario 2, 
soil phosphorus is lost more quickly than soil nitrogen, as a result, soil N:P ratio will 
increase with grassland degradation (Figure 1.4c). (2) Soil microbial stoichiometry will 
vary with soil available nutrients due to impacts of grassland degradation. In Scenario 1, 
microbial biomass N:P will decrease with grassland degradation (Figure 1.4d). In Scenario 
2, microbial biomass N:P will increase with grassland degradation (Figure 1.4e). 
 
Figure 1.4 Predictions related to nutrient dynamics and stoichiometry of soil and soil 
microbes. (a) Nutrient concentration dynamics in soil. Scenario 1: soil nitrogen declines 
more severely than soil phosphorus with grassland degradation. Scenario 2: soil 
phosphorus declines more severely than soil nitrogen. (b-c) Responses of soil nutrient 
stoichiometry to grassland degradation in the two scenarios; (d-e) Responses of soil 
microbial stoichiometry to grassland degradation in the two scenarios. 
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In Chapter 3, our primary questions were (1) do streamwater nutrient concentrations and 
their stoichiometric ratios respond to grassland degradation? By how much? In what 
direction? and (2) do C, N, and P concentrations and stoichiometric ratios of stream 
biofilms respond to grassland degradation? By how much? In what direction?  
We hypothesized that (1) streamwater nutrient concentrations and stoichiometric ratios are 
affected by grassland degradation due to differential inputs of N and P from degraded soil, 
(2) C, N, and P concentrations and stoichiometric ratios of stream biofilms are affected by 
grassland degradation due to differential changes of N and P in streamwater.  
To test these hypotheses, we assessed C, N, and P concentrations and stoichiometric ratios 
of streamwater and stream biofilms in catchments differing in grassland status as indicated 
by NDVI. Based on hypothesized mechanisms described above, we predicted that, in 
sampling of stream and periphyton nutrients in subcatchments differing in grassland 
degradation, (1) in Scenario 1, streamwater N concentration will decrease more quickly 
than P concentration with grassland degradation (Figure 1.5a); as a result, streamwater N:P 
ratio will decrease with grassland degradation (Figure 1.5b). In Scenario 2, streamwater P 
concentrations will decrease more quickly than N concentrations (Figure 1.5a), leading to 
increases of N:P ratio (Figure 1.5c). (2) In Scenario 1, N:P of stream biofilms will decrease 
with grassland degradation (Figure 1.5d). In Scenario 2, N:P of stream biofilms will 




Figure 1.5 Predictions related to nutrient concentrations and stoichiometric ratios of 
streamwater and stream biofilms. (a) Scenario 1: Streamwater N concentration decreases 
more quickly than P concentration with grassland degradation. Scenario 2: Streamwater P 
concentration decreases more quickly than N concentration with grassland degradation. (b-
c) Responses of streamwater nutrient stoichiometry to grassland degradation in the two 
scenarios; (d-e) Responses of stream biofilm nutrient stoichiometry to grassland 
degradation in the two scenarios. 
In Chapter 4, our objectives were to address the following questions: (1) How do the 
concentrations, forms, and ratios of key nutrients (N, P) in streamwater respond to 
grassland degradation? (2) How do the impacts of grassland degradation on nutrient supply 
alter stream periphyton nutrient limitation? (3) How do lake phytoplankton respond to 
stream inflows as a function of grassland degradation? In order to clearly answer the third 
questions, a prerequisite question should be addressed: How do lake phytoplankton 
respond to different nutrient enrichments (N vs P)? 
We hypothesized that: (1) Both total and dissolved inorganic nutrients are affected by 
grassland degradation but nitrogen and phosphorus are influenced differentially; (2) 
Nutrient limitation of stream periphyton is a function of degradation-associated variation 
in stream nutrients; (3) Lake phytoplankton are stimulated by stream inflows from different 
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catchments as a function of their degradation status. For the prerequisite question, we 
hypothesized that lake phytoplankton is strongly limited by P due to very low P and 
relatively high N in lake water of Qinghai Lake. 
To test these hypotheses, we coupled intensive analyses of different nutrient forms in 
streamwater with bioassay experiments for both stream periphyton and lake phytoplankton 
to assess the cascading influences of grassland status on nutrient dynamics and limitation 
of primary producers in the Qinghai Lake and its inflow streams. Based on sampling and 
experimentation across subcatchments in the Qinghai Lake basin that differ in their 
degradation status, based on these hypotheses our predictions were: (1) stream nutrient 
concentrations will differ systematically as a function of sub-catchment NDVI as we 
predicted in Chapter 3 (Figure 1.6a); (2) Periphyton will shift from P limitation to N 
limitation in Scenario 1 (Figure 1.6b) but will shift from N limitation to P limitation if 
Scenario 2 holds (Figure 1.6c); (3) Given that Qinghai Lake phytoplankton are P-limited 
(Figure 1.6d), we predict that, if Scenario 1 holds, lake phytoplankton will respond more 
strongly to streamwater from degraded catchments (Figure 1.6e). However, in Scenario 2, 
lake phytoplankton will respond more strongly to streamwater from relatively undegraded 
catchments (Figure 1.6f).  
 
Figure 1.6 According to (a) streamwater nutrient dynamics, the predictions related to (b-c) 
stream periphyton nutrient limitation in Scenario 1 in which periphyton will shift from P 
limitation to N while, in Scenario 2, they are predicted to shift from N limitation to P 
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limitation. (d) Given that Qinghai Lake phytoplankton are P-limited, we predict that (e-f) 
phytoplankton will response addition of streamwater as a function of catchment grassland 
degradation depending on which of the two scenarios holds. 
In Chapter 5, we examined the soil bacterial communities in a grassland watershed on the 
Qinghai-Tibet Plateau to test the hypothesis that grassland degradation affects soil 
microbial community structure. We assessed the bacterial communities using high-
throughput 16S rRNA gene sequencing to address the following question: how do soil 
bacterial communities respond to grassland degradation? According to hypothesized 
mechanisms described above, we predicted that (1) bacterial diversity would decline with 
grassland degradation and concomitant environmental change, (2) different taxonomic 
groups would responded differentially to the concomitant environmental variations due to 
their evolutionary history and trophic strategy, and (3) bacterial community structure shifts 
would be associated with changes in soil properties. 
In Chapter 6, we investigated the bacterial communities in stream biofilms in Qinghai 
Lake watershed on the northeast edge of QTP in sub-catchments that are experiencing 
different degrees of degradation. Our aim was to reveal the structural properties of bacterial 
communities in stream biofilms and to evaluate how bacterial diversity and community 
respond to grassland degradation. As in our studies of soil microbes, we predicted that 
grassland degradation and associated changes in environmental variables would be 
significantly associated with bacterial diversity and communities in stream biofilms in 
streams experiencing different levels of degradation.  
Overall in this whole study, we hypothesized that grassland degradation and concomitant 
changes in environmental factors influence coupled terrestrial and aquatic ecosystems in 
terms of nutrient concentrations and stoichiometry, nutrient limitation, as well as microbial 
community structure. These integrated studies will provide insights into the influences of 
grassland degradation on terrestrial and aquatic ecosystems on the Qinghai-Tibet Plateau, 
and help to motivate and guide the protection and management of these fragile grassland 
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Chapter 2 Effects of grassland degradation on ecological stoichiometry 
of soil ecosystems on the Qinghai-Tibet Plateau 
Abstract 
Grasslands across the world are being degraded due to impacts of overgrazing and climate 
change. However, the influences of grassland degradation on carbon (C), nitrogen (N), and 
phosphorus (P) dynamics and stoichiometry in soil ecosystems are not well studied, 
especially at high elevations where ongoing climate change is most pronounced. This study 
sought to assess the responses of these soil elements to grassland degradation in the 
Qinghai Lake watershed on the Qinghai-Tibet Plateau. Substituting space for time, we 
quantified normalized difference vegetation index (NDVI) to gauge grassland degradation. 
C, N, and P concentrations and their molar ratios in soil and in soil microbial biomass were 
also measured. The results showed that grassland degradation decreased the concentrations 
of C and N, as well as the ratios of C:P and N:P, in soil. The average soil C:N:P ratio was 
144:10:1. Moreover, C, N, and P concentrations in soil microbial biomass decreased with 
increased grassland degradation. C:N:P ratios of soil microbial biomass were highly 
constrained with an average value of 49:8:1, suggesting that soil microorganisms exhibited 
strong homeostatic behavior while variations of microbial biomass C:N:P ratios suggest 
changes in microbial activities and community structure. Overall, the soil became relatively 
more P rich and thus N limitation is anticipated to be more apparent with grassland 
degradation. This study provides insights from a stoichiometric perspective into microbial 
and biogeochemical responses of grassland ecosystems as they undergo degradation on the 
Qinghai-Tibet Plateau. 
Keywords: microbial biomass, homeostasis, grassland degradation, stoichiometry, NDVI 
Introduction 
Grasslands are one of the largest ecosystems in the world, covering ~40% of Earth’s land 
surface excluding Antarctica and Greenland (Suttie et al., 2005). However, grasslands are 
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under pressure of degradation throughout the world (Gang et al., 2014). Grassland 
degradation involves a process of retrogressive succession (Dyksterhuis, 1949; Li, 1997) 
that reduces the ability of grasslands to carry out their key functions in providing ecosystem 
goods and services (Daily, 1995; Wick et al., 2016). As grassland degradation proceeds, 
aboveground vegetation coverage and biomass decline, leading to simultaneous 
impairment of soil physical, chemical, and biological properties (Abril and Bucher, 1999; 
Viragh et al., 2011; Li et al., 2012a; Dlamini et al., 2014). Consequently, the 
biogeochemical cycles of carbon (C), nitrogen (N), and phosphorus (P) are impacted, 
altering the structure and function of the grassland (Schlesinger and Bernhardt, 2013). On 
the Qinghai-Tibet Plateau, grassland is the dominant landcover (Tan et al., 2010) and is 
experiencing serious degradation due to its sensitivity and vulnerability to external 
disturbances such as livestock grazing (Harris, 2010).  
In grassland soil, large proportions of organic carbon and nutrients stocks are concentrated 
in the upper layers (Gill et al., 1999) but the sources of those elements differ. Plants are the 
major source of organic C and N-fixing microbes are the major source of N (but see 
Houlton et al., 2018) while weathering of primary rock minerals provides the dominant 
source of P (Walker and Syers, 1976; Chadwick et al., 1999). Thus, vegetation cover, plant 
community composition, geomorphology, as well as soil texture and geology, potentially 
affect carbon and nutrient pools in soil (Aponte et al., 2010; Li et al., 2012b). Previous 
studies have consistently demonstrated an overall reduction in stocks of soil organic matter 
and nitrogen in degraded grasslands (Wu and Tiessen, 2002; Steffens et al., 2008). Due to 
the different biogeochemical processes associated with different elements (C, N, and P; 
Walker and Syers, 1976; Sterner and Elser, 2002), we can expect that grassland degradation 
would differentially affect rates of accumulation or loss of C, N and P. Given these multi-
element impacts, a framework is required to help understand the relative changes of these 
elements in soil and soil microbial biomass as well as their interactions under the threat of 
grassland degradation. The conceptual framework of ecological stoichiometry provides 
such an approach as it deals explicitly with the interactions of multiple chemical elements 
in ecological interactions and processes (Elser et al., 2000; Sterner and Elser, 2002). 
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However, the influences of grassland degradation on element dynamics and stoichiometry 
of soil ecosystems are not well studied, especially on the Qinghai-Tibet Plateau. 
Grassland degradation also drives changes of soil texture and depletion of soil organic 
matter and nutrients that can affect microbial activities and communities (Abril and Bucher, 
1999; Mekuria et al., 2007). Microbial demand and use of resources are driven by the 
elemental stoichiometry of their own biomass and the efficiency of their growth but can 
also be affected by the relative supplies of available resources (Sterner and Elser, 2002; 
Elser et al., 2003). Organism growth is often limited by supplies of key elements while 
biota can themselves reciprocally affect the availability of nutrients in the environment 
(Sterner and Elser, 2002). Previous study has shown that C, N, and P concentrations of soil 
microbial biomass can vary by several orders of magnitude but their ratios are relatively 
constrained (Sterner and Elser, 2002; Cleveland and Liptzin, 2007), likely because most 
soil microorganisms are heterotrophic and assumed to exhibit stronger homeostatic 
regulation (relative to photoautotrophic organisms) at the organismal level (Sterner and 
Elser, 2002). Thus, in order to better understand biogeochemical cycles in grassland 
ecosystems on the Qinghai-Tibet Plateau, it is essential to document and understand the 
effects of grassland degradation on the C:N:P stoichiometry of soil microbes themselves, 
as well as on the stoichiometric relationships between soil environments and microbes.  
In this study, we aim to address the following questions: (1) do soil nutrient pools and 
stoichiometry respond to grassland degradation? By how much? In what direction? and (2) 
consequently, do C, N, and P concentrations and ratios in soil microbial biomass respond 
to grassland degradation? By how much? In what direction? Based on the mechanisms 
discussed above, we hypothesized that (1) soil nutrient stocks and stoichiometry are 
affected by grassland degradation due to its differential impacts on N vs. P processes, and 
(2) C, N, and P concentrations in soil microbial biomass and their ratios are affected by 
grassland degradation due to differential impacts on N vs. P processes. To test these 
hypotheses, we assessed the C, N, and P concentrations and stoichiometry in soil and soil 
microbial biomass in sample sites differing in grassland status as indicated by normalized 
difference vegetation index (NDVI). Based on these hypotheses, we predicted that, in 
sampling soils across a strong gradient of grassland degradation (as indexed by NDVI): (1) 
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Pools of available soil N and P will be reduced and N:P ratio will vary (increase or decrease; 
see different scenarios) with the degree of grassland degradation as indexed by NDVI. In 
one scenario (Scenario 1, hereafter), soil nitrogen declines more strongly than soil 
phosphorus with grassland degradation (because degradation strongly impairs the ability 
of microbes and vegetation to fix and hold N); as a result, soil N:P ratio will decrease with 
grassland degradation. In the second scenario (Scenario 2, hereafter), soil phosphorus is 
lost more readily than soil nitrogen (because degradation strongly amplifies erosive loss of 
particle-bound P), as a result, soil N:P ratio will increase with grassland degradation. (2) 
Soil microbial stoichiometry will vary with soil available nutrients due to impacts of 
grassland degradation according to which scenario holds. In Scenario 1, microbial biomass 
N:P will decrease with grassland degradation. In Scenario 2, microbial biomass N:P will 
increase with grassland degradation. 
Methods 
Study area 
This study was conducted in the Qinghai Lake watershed (36°15′ - 38°20′ N and 97°50′ - 
101°20′ E, Figure 2.1). Qinghai Lake is the largest lake in China located on northeast of 
the Qinghai-Tibet Plateau with a surface altitude of 3,194 m above sea level, an average 
depth of 21 m, a surface area of 4,260 km2, and a catchment area of 29,660 km2 (Li et al., 
2007). In the Qinghai Lake watershed, the air temperature ranges from -31°C in January to 
28°C in July, with the mean annual temperature of -0.7℃ (Yi et al., 2010). The mean 
annual precipitation is 362.5 mm and the annual evapotranspiration is 1,300-2,000 mm (Yi 
et al., 2010). Grassland covers 75% of land area in the watershed while around half of the 




Figure 2.1 Maps of study area and sample sites. (a) Location of the Qinghai Lake watershed 
(the map was colored by elevation). (b) The distribution of the normalized difference 
vegetation index (NDVI) across the watershed (the map was colored by NDVI). (c) The 
distribution of the 19 sampling sites (the map was colored by NDVI). The maps were 
created using ArcGIS 14.0. NDVI value was calculated using Landsat images download 
from USGS (https://earthexplorer.usgs.gov/) 
Field sampling and chemical analyses 
Based on grassland phenology, field sampling was conducted in three seasons: peak 
growing season in mid-July 2017, late growing season in mid-September 2017, and early 
growing season in late-April 2018. In each season, soil samples were collected from 19 
sites (Figure 2.1). In each soil site, three plots (1 m × 1 m) were established with 15-m 
intervals. In each plot, topsoil (0-10 cm in depth) was collected from five points (four 
vertices and one center) by drill (10 cm in diameter) and pooled into one composite sample. 
The drill was washed with sterile water and air dried before each sampling. The composite 
sample was sieved through a 2-mm sieve to remove all visible roots, residues, and stones. 
The sieved sample was stored at 4℃ for the measurement of C, N, and P concentrations in 
soil and soil microbial biomass, as well as other physicochemical properties. Soil pH was 
measured in 1:2.5 (mass to volume) aqueous extract in distilled water using a pH meter. 
Soil moisture was gravimetrically measured with 10 g fresh soil dried at 105±1℃ for 48 h. 
Soil organic carbon (SOC) was measured by oxidizing with potassium dichromate (HJ615-
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2011). Soil total nitrogen (TN) was determined by the modified Kjeldahl method (HJ717-
2014). Soil total phosphorus (TP) was determined by the spectrophotometric ammonium 
molybdate-ascorbic acid method. Microbial biomass carbon (MBC), microbial biomass 
nitrogen (MBN), and microbial biomass phosphorus (MBP) were determined using the 
chloroform fumigation extraction method (Brookes et al., 1985; Vance et al., 1987). 
Normalized difference vegetation index and “space for time” substitution 
The normalized difference vegetation index (NDVI) generally exhibits close relationships 
with coverage and biomass of above-ground vegetation (Carlson and Ripley, 1997; 
Eastwood et al., 1997) and is widely used to estimate regional vegetation status and to 
indicate grassland degradation (Thiam, 2003; Akiyama and Kawamura, 2007; Li et al., 
2013; Hilker et al., 2014). Vegetation status can be quantified using NDVI by measuring 
the difference between the reflectance of near-infrared light (NIR) and red light (RED): 
NDVI=(NIR-RED)/(NIR+RED) (Rouse et al., 1973). NDVI value of 0~0.1 represents bare 
areas such as soil, rock, and sand. Negative NDVI represents water bodies. In this study, 
Landsat images acquired in July 2017 were downloaded from USGS 
(https://earthexplorer.usgs.gov/) and used to calculate and visualize NDVI using ArcGIS 
14.0. The NDVI value for each soil sample site is the the average NDVI in a 300-m radius 
buffer. NDVI values of July 2017 were used to represent grassland status in 2017 (Figure 
2.1b). High values of NDVI indicate healthy vegetation while low NDVI is indicative of 
degraded conditions.  
Indeed, in our study area, NDVI had strong relationships with in situ measured 
aboveground biomass, fractional vegetation cover, and grass species richness (Ren et al., 
2019). Moreover, grassland vegetation factors (including aboveground biomass, fractional 
vegetation cover, grass species richness, and NDVI) were not closely associated with 
elevation (Ren et al., 2019). In addition, NDVI also exhibited large spatial variation across 
our study region. The relationship between NDVI difference and geographic distance of 
paired sample sites was statistically significant (P=0.002) but relatively weak (R2=0.039), 
suggesting that spatial non-independence should not interfere strongly in our space-for-
time approach. This spatial variation permits use of “space-for-time” substitution (Figure 
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2.2) to study potential impacts of grassland degradation by comparing sampling sites 
differing in NDVI. “Space-for-time” substitution is an alternative approach to study long-
term phenomena in ecology (Pickett, 1989; Blois et al., 2013). It has been used widely and 
successfully, especially in systems that experience strong successional dynamics (Pickett, 
1989). In this approach, temporal processes (past or future trajectories) of ecosystems are 
studied and inferred via contemporary spatial patterns (Blois et al., 2013) (Figure 2.2). A 
good example for the application of “space-for-time” substitution is in study of the impact 
of natural disturbance on ecosystems (Pickett, 1989), an inherently long-term process. 
However, systematic long-term studies are usually absent (Sousa, 1984). Thus, spatial 
distribution of disturbances has been widely used to construct disturbance temporal 
regimes (Pickett, 1989). A variety of studies using the “space-for-time” substitution 
approach indicate that the approach provides consistent estimates of realistic long-term 
variations (Meurant, 2012; Blois et al., 2013). However, intensive and systematic long-
term studies of grassland degradation are lacking. Thus, following the “space-for-time” 
substitution approach, spatial patterns of grassland status were used to study the impacts 
of grassland degradation in Qinghai Lake watershed in this study (Figure 2.2).  
 
Figure 2.2 “Space-for-Time” substitution of grassland degradation in Qinghai Lake 
watershed. (a) Long-term grassland degradation process. (b) Contemporary spatial pattern 




To test these hypotheses and predictions, stoichiometric ratios were first calculated as 
molar ratios from data on C, N, and P contents or concentrations. To test the hypothesis 
that soil nutrient stocks and stoichiometry are affected by grassland degradation (as 
indicated by NDVI), standard major axis (SMA) regression and curve estimation were used 
to test for statistical associations of NDVI with SOC, TN, and TP concentrations and their 
ratios in soil for each season (sampling event). We predicted that, in Scenario 1, soil 
nitrogen declines more quickly than soil phosphorus with grassland degradation, as a result, 
soil N:P ratio will decrease with grassland degradation. In Scenario 2, soil phosphorus is 
lost more quickly than soil, as a result, soil N:P ratio will increase with grassland 
degradation. If the regressions are significantly positive, then Scenario 1 holds, and the 
hypothesis is supported. If the regressions are significantly negative, then Scenario 2 holds, 
and the hypothesis is also supported. If the regressions are non-significant, then the 
hypothesis is not supported, indicating that grassland degradation does not affect soil 
nutrient pools or stoichiometry. To test the hypothesis that C, N, and P concentrations in 
soil microbial biomass and their ratios are affected by grassland degradation, standard 
major axis (SMA) regression and curve estimation were used to test associations of NDVI 
with C, N, and P concentrations and their ratios in soil microbial biomass for each season 
(sampling event). We predicted that in Scenario 1, microbial biomass N:P will decrease 
with grassland degradation. In Scenario 2, microbial biomass N:P will increase with 
grassland degradation. If the regressions are significantly positive, then Scenario 1 holds, 
and the hypothesis is supported. If the regressions are significantly negative, then Scenario 
2 holds, and the hypothesis is also supported. If the regressions are non-significant, then 
the hypothesis is not supported, indicating that grassland degradation does not affect 
microbial stoichiometry. In addition, standard major axis (SMA) regression and curve 
estimation were used to test the relationships between NDVI versus soil moisture and pH, 
as well as between microbial biomass carbon versus soil moisture and pH to assess 
potential influences of grassland degradation on soil moisture and pH and their influences 
on soil microbial biomass. The Akaike information criterion (AIC) was used for selecting 
the best regression model. The lower AIC (less information loss) of a model, the higher 
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quality of that model. P-values were adjusted using FDR method (Benjamini and Hochberg, 
1995). Moreover, to determine the relationships among C, N, and P concentrations in soil 
and soil microbial biomass, standard major axis (SMA) regression was conducted 
according to the log-log function: log10(y) = a × log10(x) + b (Warton et al., 2006), which 
is commonly used for bivariate line-fitting in biological studies. The slope was compared 
to 1. If the slope does not significantly differ from 1, then y and x have an isometric 
relationship; otherwise, y and x have a non-isometric relationship. Standard major axis 
regression was conducted using the R package SMART 3 (Warton et al., 2012). All the 
analyses were carried out in R 3.4.1 (R Core Team, 2017). 
Results 
Summary of C, N, and P concentrations and stoichiometric ratios in soil and soil 
microbial biomass 
Soil C, N, and P concentrations varied substantially across space in the basin. For soil 
samples across all sites, SOC ranged from 809 to 13,708 mmol/kg, TN ranged from 40 to 
942 mmol/kg, and TP ranged from 14 to 37 mmol/kg (Table 2.1). SOC and TN had high 
variability (coefficient of variation, CV: 73.6% and 71.0%, respectively, Table 2.1) while 
TP had a low CV (17.91%, Table 2.1). The ratios of SOC:TN, SOC:TP, and TN:TP varied 
from 12 to 21, 41 to 396, and 2 to 27, respectively (Table 2.1). On average, the SOC:TN:TP 
ratio was 144:10:1 for the soils in our study (Table 2.1). The variation in SOC:TN 
(CV=15.3%) was much lower than that of SOC:TP (CV=57.0%) and TN:TP (CV=55.0%) 
(Table 2.1). 
C, N, and P concentrations of soil microbial biomass also showed substantial spatial 
variation. For soil microbial biomass across all sites, MBC ranged from 4.08 to 151 
mmol/kg, MBN ranged from 1.55 to 18.4 mmol/kg, and MBP ranged from 0.12 to 3.77 
mmol/kg (Table 2.1). MBC, MBN, and MBP had high variabilities (CV: 70.3%, 54.6%, 
and 73.4%, respectively, Table 2.1). The ratios of MBC:MBN, MBC:MBP, and 
MBN:MBP varied from 2 to 14, 16 to 174, and 2 to 10, respectively (Table 2.1). The 
average stoichiometric ratio of MBC:MBN:MBP was 49:8:1 (Table 2.1).MBC:MBP had 
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higher variabilities (CV=58.9%) than MBN:MBP (CV=41.8%) and MBC:MBN 
(CV=37.8%). 
Table 2.1 Basic physicochemical parameters of soil samples. The stoichiometric ratios 
were calculated on a molar basis. 
 
Minimum Maximum Mean Std. Deviation CV% 
SOC (mmol/kg) 808.6 13708 3675 2704 73.57 
TN (mmol/kg) 40.23 942.1 248.4 176.3 70.98 
TP (mmol/kg) 13.61 37.19 24.52 4.39 17.91 
SOC:TN 11.52 20.80 14.94 2.28 15.26 
SOC:TP 41.28 396.4 143.5 81.81 56.99 
TN:TP 2.05 27.24 9.67 5.31 54.96 
MBC (mmol/kg) 4.08 151.4 40.93 28.78 70.32 
MBN (mmol/kg) 1.55 18.41 6.70 3.66 54.63 
MBP (mmol/kg) 0.12 3.77 0.98 0.72 73.45 
MBC:MBN 1.71 14.27 6.13 2.31 37.75 
MBC:MBP 16.37 174.4 49.12 28.91 58.86 
MBN:MBP 2.95 20.13 8.17 3.42 41.78 
Moisture (%) 2.60 99.13 24.70 20.44 82.75 
pH 6.58 9.08 8.14 0.45 5.56 
Hypothesis test: grassland degradation affects C, N, and P concentrations and 
stoichiometry in soil 
 If the grassland degradation hypothesis is correct, then we predict that the concentrations 
of soil C, N, and P would be associated with NDVI across the study sites. The results 
showed that SOC and TN significantly decreased with decreased NDVI (except TN in 
September, Table 2.2). However, TP did not significantly change with NDVI (Table 2.2). 
These results are generally consistent with the hypothesis under Scenario 1.  
If the grassland degradation hypothesis is correct, then we predict that C:N:P ratios would 
be associated with NDVI across the study sites. The results showed significant declines in 
SOC:TP and TN:TP with decreasing NDVI (except TN:TP in September, Table 2.2). 
SOC:TN also significantly decreased with decreasing NDVI in July (Table 2.2). These 
results are also consistent with the hypothesis under Scenario 1. 
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Table 2.2 Summary of regression models of the relationships between NDVI (independent 
variable) versus soil nutrient concentrations and their ratios (dependent variables). P-values 
were adjusted using FDR method. Statistically significant results are indicated by bold face. 
Dependent Variable Season Function R2 P AIC 
SOC April y = 31260x - 4729 0.243 0.032 279 
  y = -2394x-1 + 12804 0.238 0.034 358 
 July y = 29857x - 4853 0.273 0.022 274 
  y = -2284x-1 + 11881 0.267 0.024 353 
 September y = 26017x - 3781 0.227 0.039 274 
  y = -2032x-1 + 10957 0.232 0.037 352 
TN April y = 1947x - 270 0.199 0.055 178 
 
 
y = -148x-1 + 816 0.191 0.008 257 
 July y = 1795x - 265 0.249 0.030 170 
  y = -137x-1 + 737 0.241 0.033 249 
 September y = 1386x - 156 0.167 0.082 170 
  y = -108x-1 + 627 0.169 0.081 248 
TP April y = 25.5x + 15.5 0.069 0.277 36.7 
 
 
y = -1.67x-1 + 28.8 0.050 0.358 115 
 July y = 17.4x + 21.3 0.056 0.330 26.5 
 
 
y = -1.09x-1 + 30.2 0.037 0.433 105 
 September y = 16.1x + 20.2 0.028 0.497 37.5 
 
 
y = -0.917x-1 + 28.1 0.015 0.618 116 
SOC:TN April y = 17.9x + 9.53 0.307 0.017 -8.99 
 
 
y = -1.45x-1 + 19.9 0.338 0.011 63.9 
 July y = 7.82x + 12.8 0.019 0.577 17.7 
 
 
y = -0.672x-1 + 17.5 0.023 0.535 95.9 
 September y = 17.8x + 10.3 0.111 0.163 13.1 
 
 
y = -1.50x-1 + 20.7 0.132 0.126 91.0 
SOC:TP April y = 992x - 111 0.299 0.015 143 
 
 
y = -77.9x-1 + 452 0.308 0.014 221 
 July y = 963.45x - 141 0.307 0.014 141 
 
 
y = -74.7x-1 + 403 0.309 0.013 219 
 September y = 850x - 103 0.262 0.025 140 
 
 
y = -68.3x-1 + 386 0.282 0.019 218 
TN:TP April y = 60.6x - 5.66 0.233 0.037 42.9 
 
 
y = -4.71x-1 + 28.6 0.234 0.036 121 
 July y = 57x - 7.24 0.276 0.021 36.1 
 
 
y = -4.41x-1 + 24.9 0.277 0.021 115 
 September y = 44.4x - 3.46 0.190 0.062 36.0 
 
 
y = -3.56x-1 + 22.1 0.204 0.052 114 
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Hypothesis test: grassland degradation affects C, N, and P concentrations and 
stoichiometry in soil microbial biomass 
If the grassland degradation hypothesis is correct, then we predict that the concentrations 
of C, N, and P in soil microbial biomass would be associated with NDVI across the study 
sites. The results showed that MBC (except in July), MBN (except in September), and 
MBP (except in September) significantly declined with decreasing NDVI (Table 2.3). 
These results are generally consistent with the hypothesis under Scenario 1. 
If the grassland degradation hypothesis is correct, then we predict that MBC:MBN:MBP 
ratios would be associated with NDVI across the study sites. The results showed that only 
MBC:MBN in September decreased significantly with decreasing NDVI (Table 2.3) while 
MBC:MBP and MBN:MBP did not significantly change with NDVI (Table 2.3). These 
results did not match the predictions. 
Table 2.3 Summary of regression models of the relationships between NDVI (independent 
variable) versus nutrient concentrations in soil microbial biomass and their ratios 
(dependent variables). P-values were adjusted using FDR method. Statistically significant 
results are indicated by bold face. 
Dependent Variable Season Function R2 P AIC 
MBC April y = 304x - 45.3 0.181 0.070 110 
  y = -22.4x-1 + 122 0.163 0.016 189 
 July y = 128x + 7.39 0.051 0.355 104 
  y = -9.82x-1 + 79.2 0.050 0.358 183 
 September y = 232x - 25.0 0.161 0.013 103 
  y = -17.22x-1 + 103 0.148 0.104 181 
MBN April y = 36.6x - 3.49 0.142 0.111 35.2 
  y = -2.66x
-1 + 16.5 0.126 0.018 114 
 July y = 23.7x + 1.02 0.105 0.176 25.2 
  y = -1.87x
-1 + 14.5 0.109 0.008 104 
 September y = 3.00x + 4.86 0.003 0.831 17.9 
  y = -0.184x
-1 + 6.37 0.002 0.866 96.4 
MBP April y = 4.86x - 0.405 0.108 0.169 -35.6 
  y = -0.366x
-1 + 2.30 0.102 0.031 42.9 
 July y = 4.67x - 0.284 0.148 0.104 -43.8 
  y = -0.346x
-1 + 2.29 0.135 0.010 34.8 
 September y = 5.25x - 0.500 0.075 0.258 -24.9 
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  y = -0.424x
-1 + 2.53 0.081 0.237 53.3 
MBC:MBN April y = 12.2x + 2.23 0.126 0.136 -4.06 
  y = -0.916x
-1 + 8.99 0.120 0.147 74.5 
 July y = -2.51x + 6.25 0.008 0.723 -8.18 
  y = 0.244x-1 + 4.65 0.012 0.656 70.1 
 September y = 36.0x - 2.87 0.274 0.021 18.9 
  y = -2.66x-1 + 16.9 0.250 0.029 97.9 
MBC:MBP April y = 125x + 6.65 0.140 0.115 82.3 
  y = -8.55x
-1 + 72.9 0.109 0.168 161 
 July y = -48.2x + 56.8 0.030 0.475 77.3 
  y = 3.17x
-1 + 31.7 0.022 0.544 155 
 September y = 209x + 3.85 0.050 0.355 123 
  y = -14.9x
-1 + 117 0.043 0.395 202 
MBN:MBP April y = 2.67x + 6.92 0.002 0.846 16.9 
  y = -0.059x
-1 + 7.88 0.000 0.955 95.4 
 July y = -4.77x + 9.25 0.015 0.621 3.47 
  y = 0.193x
-1 + 7.20 0.004 0.796 82.1 
 September y = -22.6x + 15.3 0.045 0.385 40.9 
  y = 1.79x
-1 + 2.36 0.047 0.372 119 
Discussion 
Influences of grassland degradation on C, N, and P stoichiometry in soil 
Our results indicate that grassland degradation strongly influences SOC and TN 
concentrations and SOC:TP and TN:TP stoichiometric ratios in soil (Table 2.2). As 
grassland degradation increased (indicated by decreased NDVI), SOC and TN decreased 
significantly but TP did not, leading to decreases in SOC:TP and TN:TP ratios (Table 2.2). 
Overall, these results are consistent with the hypothesis under Scenario 1. In soil, organic 
C and N pools are mainly derived from free-living and legume-associated bacteria. At the 
global scale, the concentrations of soil C and N vary by orders of magnitude (Cleveland 
and Liptzin, 2007) and large proportions of organic carbon and nutrient stocks are 
concentrated in the top soil layers (Gill et al., 1999). In our study, SOC and TN in soil were 
highly variable. The decreased vegetation biomass due to grassland degradation is likely 
responsible for decreased C and N concentrations in soil. On the other hand, soil erosion is 
highly related to vegetation properties such as density and coverage. Degraded grasslands 
have higher soil erosion than non-degraded grasslands (Zhao et al., 2011; Su et al., 2015), 
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influencing the dynamic nature of the plant–soil interactions through modifications of the 
water cycle and the fluxes of other elements, potentiating depletion of SOC and TN 
(Podwojewski et al., 2011; Mchunu and Chaplot, 2012; Dlamini et al., 2014). Moreover, 
grasslands are an important component of the global C cycle with a storage of 
approximately 10% of the global soil carbon stock (Suttie et al., 2005). Indeed, the QTP 
grasslands account for approximately 2.5% of the global soil carbon pool (Wang et al., 
2002). Our results indicate that grassland degradation causes losses of soil C pools by 
reducing C input from vegetation and increasing C loss in erosion. In contrast to soil C and 
N, P levels in soil are less strongly related to vegetation-driven processes but instead are 
connected to weathering of primary rock minerals (Walker and Syers, 1976). Due to 
differences in geological background and ecosystem succession, soil P also varies by orders 
of magnitude at the global scale (Cleveland and Liptzin, 2007). In our study, however, the 
relatively small catchment area has a relatively uniform geological background and 
successional stage. Thus, soil P had little variation and did not vary with grassland status 
as indicated by NDVI.  
Although concentrations of SOC and TN were highly variable, SOC:TN:TP ratios were 
relatively constrained, especially for SOC:TN (Table 2.1 and Table S2.1). SMA regression 
analyses showed that SOC, TN, and TP across all sites had close relationships (Table S2.1). 
The relationship between SOC and TN (R2=0.94, P<0.001) was stronger than the 
relationships between SOC and TP (R2=0.33, P<0.001) and between TN and TP (R2=0.39, 
P<0.001). SOC and TN had an isometric relationship, while SOC and TP as well as TN 
and TP had a non-isometric relationship (Table S2.1). The strong association between soil 
C and N may be explained by the fact that inputs of C and N are linked to the biomolecules 
of primary producers that have relatively constrained element ratios (Reich and Oleksyn, 
2004) and to their residues entering the soil (Kögel-Knabner, 2002). Microbe-derived 
residues are another important component of soil C and N, further contributing to the strong 
relationship between soil C and N (Miltner et al., 2012). At the global scale, soil C:N:P 
ratios are highly constrained with an average value in grassland soils of 166:12:1 
(Cleveland and Liptzin, 2007). In our study, the mean soil C:N:P ratio was 144:10:1, 
somewhat more P rich than the global value. Moreover, the differential relationships 
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between NDVI and soil C, N, and P indicated that, as grassland degradation increases, 
significant decreases in SOC and TN were observed but soil TP did not vary, resulting in 
increased SOC:TP and TN:TP with decreasing NDVI. It has been demonstrated that shifts 
in nutrient availability and stoichiometry can be associated with community-level shifts of 
aboveground vegetation (Elser et al., 2007; Niu et al., 2019) and microorganisms (Fanin et 
al., 2013; Leff et al., 2015). Furthermore, downstream aquatic ecosystems could also be 
affected by the shifts in terrestrial nutrient storage and cycling (Ren et al., 2019).  
Influences of grassland degradation on C, N, and P stoichiometry in soil microbial 
biomass 
Reflecting observed declines in SOC, TN, SOC:TP, and TN:TP in soil with grassland 
degradation, C, N, and P in soil microbial biomass also significantly decreased with 
grassland degradation (Table 2.3). Soil microbial biomass spanned several orders of 
magnitude and had strong relationships with soil C, N, and P concentrations (Table 2.1 and 
Table S2.1). Since total soil nutrients include microbial biomass (Horwath, 2003) and soil 
nutrient availabilities have strong influences on microbial nutrient constraints (Tischer et 
al., 2014; Nottingham et al., 2015), it is not surprising to observe the close relationships 
between C, N, and P concentrations in soil and soil microbial biomass (Table S2.1). 
However, the results suggested that grassland degradation may decrease concentrations of 
microbial biomass C and N due to several potential mechanisms. One likely cause is that 
decreased SOC and TN in soil caused by grassland degradation leads to decreases of 
microbial biomass C and N. On the other hand, grassland degradation also results in 
declines of soil moisture and increases in soil pH (Table S2.2). Thus, the development of 
microbial communities could be limited by high pH and low moisture (Abril and Bucher, 
1999; Frouz and Nováková, 2005; Viragh et al, 2011), also leading to decreases of soil 
microbial biomass (Table S2.3).  
Despite the large variation of overall microbial C, N, and P concentrations in soil, soil 
microbial C:N:P ratios were highly constrained (Table S2.1) and were not affected by 
grassland degradation. In our study, the average value of soil microbial C:N:P was 49:8:1, 
close to estimated soil microbial C:N:P ratio (60:7:1) at the global scale (Cleveland and 
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Liptzin, 2007). It has been widely argued that a large proportion of soil microorganisms 
are heterotrophic and thus assumed to exhibit stronger homeostatic behavior at the 
organismal level than autotrophic organisms (Sterner and Elser, 2002; Cleveland and 
Liptzin, 2007). This generalization was supported in our data by the close relationships 
among soil microbial C, N, and P contents (Table S2.1), suggesting that the stoichiometry 
of soil microbial biomass is highly constrained. Specifically, despite considerable variation 
in C:N:P ratios of soil pools, MBC:MBN:MBP did not vary with decreasing NDVI (except 
MBC:MBN in September, Table 2.3). This further supported a view that the degree of 
stoichiometric flexibility of the microbial community present is limited. 
The homeostatic nature of soil microbial biomass could also provide insights into 
influences of grassland degradation on microbial nutrient limitation, community structure, 
and activities. Since different taxa of microbes likely have different homeostatically 
regulated C:N:P ratios in their biomass (Harris, 2009; Hall et al., 2011; Tischer et al., 2014; 
Heuck et al., 2015) as well as different biochemical potential and substrate preferences (Six 
et al., 2006), changing soil environmental conditions may have nevertheless shifted 
microbial community composition and activities and contributing to the NDVI-associated 
shift in microbial C:N ratio that we observed. It has been demonstrated that fungal-to-
bacterial ratios of soil microbial communities decrease in response to high pH and drought. 
Fungi prefer to high C:N ratio substrates while bacteria prefer to low C:N ratio substrates 
(Eiland et al., 2001; Rousk and Bååth, 2009). Moreover, fungal biomass generally has 
relatively higher C:N ratio than bacterial biomass (Paul, 2014). Thus, as grassland 
degradation proceeds, decreased moisture and soil C:N ratio as well as increased pH may 
increase the relative abundance of bacteria compared to fungi. In addition, the activities of 
most eco-enzymes increase under high soil pH and drought, indicating increased nitrogen 
requirement and allocation for protein synthesis (Sterner and Elser, 2002). Consequently, 
C:N ratios in soil microbial biomass decreased with decreased NDVI. Soil microbial 
communities are often P limited because of the relatively low C:P and N:P ratio in soil 
microbial biomass and relatively low P concentrations in soil (Gallardo and Schlesinger, 
1994; Cleveland et al., 2002). Thus, our data suggest that, as grassland degrades, N 
limitation is anticipated to be more apparent for soil microbial communities. Moreover, 
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organic carbon, nitrogen, and phosphorus are presented in different forms in soil, such as 
detritus and exudates, which may affect the utilization of microbes due to their different 
C:N:P ratios (Sistla and Schimel, 2012; Mooshammer et al., 2014). Deeper analyses of soil 
resource forms and nutrient species can provide additional insight into the influences of 
grassland degradation on ecological stoichiometry of soil ecosystems. 
Conclusions 
Grassland degradation is globally pervasive and impacts a number of ecosystem 
components. From the perspective of ecological stoichiometry, our study provides a picture 
of the differential influences of grassland degradation on C, N, and P in soil ecosystems in 
a grassland watershed on the Qinghai-Tibet Plateau. The results showed that grassland 
degradation decreased C and N concentrations, as well as C:P and N:P ratios in soil. 
Moreover, grassland degradation decreased C, N, and P concentrations in soil microbial 
biomass. These results suggest potential shifts in microbial nutrient limitation, community 
structure, and activities caused by grassland degradation. These shifts require experimental 
testing. Overall, by assessing the adverse influences of grassland degradation on C, N, and 
P concentrations and stoichiometry in soil ecosystems in the Qinghai Lake watershed, this 
study adds to our knowledge of biogeochemical responses of terrestrial ecosystems to 
ongoing grassland degradation on the Qinghai-Tibet Plateau. 
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Table S2.1 Isometric relationships among C, N, and P concentrations in soil and soil 
microbial biomass according to the function log10(y) = a × log10(x) + b. Slope was tested 
comparing to 1. All the variables have the same unit, mmol/kg. P-values were adjusted 
using FDR method 
y x 
Regression  Slope Test (slope=1) 
R2 P Intercept (b) Slope (a)   r P 
TN SOC 0.942 <0.000 -1.404 1.066  -0.257 0.054 
TP SOC 0.330 <0.000 0.354 0.296  0.883 <0.000 
TP TN 0.392 <0.000 0.744 0.277   0.905 <0.000 
MBN MBC 0.710 <0.000 -0.536 0.853  0.285 0.032 
MBP MBC 0.619 <0.000 -1.820 1.120  -0.181 0.179 
MBP MBN 0.735 <0.000 -1.116 1.313  -0.472 <0.000 
MBC SOC 0.614 <0.000 2.096 0.909  0.152 0.261 
MBN TN 0.711 <0.000 1.440 1.137  -0.233 0.081 




Table S2.2 Summary of regression models of the relationships between NDVI 
(independent variable) versus soil moisture and pH (dependent variables). P-values were 
adjusted using FDR method. Statistically significant results are indicated by bold face. 
Dependent Variable Season Function R2 P AIC 
Moisture April y = 242.7x - 46.9 0.358 0.007 84.0 
  y = -18.0x-1 + 87.1 0.329 0.010 163 
 July y = 272x - 53.7 0.289 0.018 94.4 
  y = -19.5x-1 + 94.2 0.248 0.030 174 
 September y = 215x - 29.6 0.318 0.012 82.8 
  y = -16.3x-1 + 89.7 0.301 0.015 162 
pH April y = -4.08x + 9.22 0.215 0.046 -57.7 
  y = 0.321x-1 + 6.89 0.222 0.042 20.5 
 July y = -4.67x + 9.56 0.234 0.036 -54.7 
  y = 0.348x-1 + 6.97 0.218 0.044 24.1 
 September y = -5.297x + 9.57 0.256 0.027 -52.1 




Table S2.3 Summary of regression models of the relationships between soil microbial 
biomass carbon (dependent variables) versus soil moisture and pH (independent variable). 
P-values were adjusted using FDR method. Statistically significant results are indicated by 
bold face. 
Independent Variable Season Function R2 P AIC 
Moisture April y = 1.53x + 7.50 0.757 0.027 315 
  y = -206x-1 + 58.5 0.256 0.000 187 
 July y = 0.840x + 24.2 0.562 0.020 326 
  y = -152x-1 + 58.3 0.279 0.000 177 
 September y = 1.34x - 0.825 0.773 0.002 304 
  y = -1065x-1 + 82.9 0.455 0.000 173 
pH April y = -42.0x + 379 0.268 0.026 191 
  y = 2604x-1 - 284 0.260 0.023 187 
 July y = -32.9x + 315 0.314 0.016 184 
  y = 2083x-1 - 210 0.295 0.013 177 
 September y = -38.7x + 353 0.491 0.002 182 





Chapter 3 C:N:P stoichiometry and nutrient limitation of stream 
biofilms impacted by grassland degradation on the Qinghai-Tibet 
Plateau 
Abstract 
Grassland degradation is an extensive global threat, especially on the Qinghai-Tibet 
Plateau. Both terrestrial and aquatic habitats are affected by grassland degradation in a 
watershed. However, the influences of grassland degradation on carbon (C) : nitrogen (N) : 
phosphorus (P) ratios of streamwater and biofilms, as well as their implications for nutrient 
limitation, are not well studied. Using a “space for time” substitution, contemporary 
grassland status quantified by landscape-level normalized difference vegetation index 
(NDVI) were used to study potential impacts of grassland degradation on nutrient cycling 
in streams feeding Qinghai Lake (China). C, N, and P concentrations and ratios of 
streamwater and benthic biofilms were assessed. The results showed that grassland 
degradation was associated with lower DOC, TN, DOC:TP, and TN:TP of streamwater, 
especially in September. DOC:TN:TP ratios of streamwater demonstrated relatively high 
variability with an average of 387:169:1 (molar). C, N, P biomass per unit area of stream 
biofilm also demonstrated considerable variability but their ratios were relatively 
constrained, with an average of 471:32:1 (molar). Moreover, biofilm C, N, and P 
concentrations and ratios were not closely associated with streamwater nutrients or 
grassland degradation. The complex chemical and biological composition of stream 
biofilms may make their stoichiometry difficult to interpret. However, the non-isometric 
relationships between biofilm C and P, as well as the large imbalance between C:N:P ratios 
of streamwater and biofilms, suggest that stream biofilms in this catchment are sensitive to 
P variation and potentially limited by DOC and P. By differentially impacting DOC and 
nutrient supplies, grassland degradation may alleviate P limitation but aggravate carbon 
limitation in stream biofilms. This study helps to improve our understanding the influences 
of grassland degradation on stream ecosystems on the Qinghai-Tibet Plateau. 
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Introduction 
Grassland degradation involves retrogressive succession (Dyksterhuis, 1949; Li, 1997) that 
reduces its capability to provide important ecological functions, such as biodiversity 
conservation, livestock production, regulation of nutrient cycles and hydrological 
processes, and prevention of soil erosion (Daily, 1995; Conant et al., 2001; Zhang et al., 
2011; Dlamini et al., 2014; Su et al., 2015). Understanding the consequences of this 
degradation is important because grassland is one of the world’s largest terrestrial biomes 
(Suttie et al., 2005). However, due to intensification of human activity, increased grazing, 
and climate change, around half of the world’s grassland ecosystems have been degraded 
(Gang et al., 2014). On the Qinghai-Tibet Plateau (QTP) in particular, grassland 
ecosystems are very sensitive and vulnerable to external disturbance (Wang et al., 2008) 
and have experienced serious degradation in recent decades (Harris, 2010). Anthropogenic 
impacts on grasslands not only influence nutrient status in the terrestrial realm (Ren et al., 
in preparation, Chapter 2), but also affect aquatic systems (Ren et al., 2019) because 
terrestrial and aquatic ecosystems are highly linked in watersheds (Williamson et al., 2008). 
However, our understanding of the influences of grassland degradation on stream 
ecosystems is still very limited, especially from the perspective of ecological stoichiometry, 
the study of the balance of multiple chemical elements in living systems (Sterner and Elser, 
2002).  
In a watershed, streams are the primary receivers of nutrients and organic matter exported 
from terrestrial ecosystems (Vannote et al., 1980; Figueiredo et al., 2010; Deegan et al., 
2011). As sentinels and integrators of terrestrial processes, streams are strongly influenced 
by changes in the terrestrial landscapes through which they flow (Vannote et al., 1980; 
Allan, 2004). Landcover changes lead to modifications of the structure, function, and 
elemental balances of terrestrial ecosystems (Tischer et al., 2014), potentially shifting the 
bulk carbon (C), nitrogen (N), and phosphorus (P) stoichiometry in soil (Zhao et al., 2015) 
and, as a consequence, altering aquatic biogeochemistry (Figueiredo et al., 2010; Nielsen 
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et al., 2012). In a grassland watershed, soil C and N are primarily affected by processes 
driven by vegetation status while soil P is originally provided by rock weathering (Walker 
and Syers, 1976; Chadwick et al., 1999). Due to different fates in ecological processes, 
these elements may be affected differentially by grassland degradation, resulting in 
decreased C and N concentrations and C:P and N:P ratios in soil (Ren et al., in preparation, 
Chapter 2). Our previous study showed that grassland degradation has the potential to 
differentially increase P but decrease N and N:P ratios in streamwater (Ren et al., 2019). 
In addition to nitrogen and phosphorus, dissolved organic carbon is also an important factor 
affecting heterotrophic components of stream biofilms (Currie, 1999; Bernhardt and 
Likens, 2002; Prairie, 2008; Tank et al., 2010). However, the influences of grassland 
degradation on dissolved organic carbon (DOC) and C:N:P stoichiometry of streamwater 
are not well studied.  
In stream ecosystems, benthic biofilms are commonly the dominant source of primary 
production, contributing significantly to secondary production (Battin et al., 2016). 
Comprising varying amounts of bacteria, fungi, algae, and their exudation products, as well 
as detritus, stream biofilms strongly mediate the metabolism and biogeochemical cycles in 
stream ecosystems (Schiller et al., 2007) and are influenced by many environmental factors, 
such as organic carbon, nutrient availability, light intensity, water temperature, and flow 
velocity (Fanta et al., 2010). Carbon source and nutrient availability have particularly 
important roles in streams flowing through grasslands, which lack a canopy. Stream 
biofilms usually have considerable variations in C:N:P ratios (Stelzer and Lamberti, 2001; 
Bowman et al., 2005), which can be associated with changes of community composition 
and nutrient supply (Hillebrand and Kahlert, 2001; Cross et al., 2005). Because landcover 
significantly controls the export of C, N, and P from catchments to aquatic ecosystems, 
stream biofilm stoichiometric ratios are linked to watershed conditions (O'Brien and Wehr, 
2010). Indeed, influences of landcover on stoichiometry of stream biofilms have been 
demonstrated previously in studies mainly focusing on the different influences between 
distinct land-use types, such as agriculture, forest, and urban (Godwin et al., 2009; Johnson 
et al., 2009; O'Brien and Wehr, 2010). However, stoichiometric responses of stream 
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biofilms to grassland degradation as well the implications for nutrient limitation are not 
well-studied.  
The impacts of grassland degradation on stream C;N:P stoichiometry will depend on if and 
how degradation differentially impacts losses of C, N, and P. In one scenario (Scenario 1), 
degradation impacts C and N losses more strongly than P because soil C and N are more 
strongly dependent on biological processes in grassland vegetation and soil that are 
impaired during degradation while geochemical processes that supply P are less impacted 
(Ren et al, in prep). In a second scenario (Scenario 2 hereafter), degradation differentially 
impacts P losses by amplifying erosive processes that mobilize P into runoff (Ren et al, 
2019). In this study, our primary questions were: (1) Do streamwater nutrient 
concentrations and their stoichiometric ratios respond to grassland degradation? By how 
much? In what direction? (2) Do C, N, and P concentrations and stoichiometric ratios of 
stream biofilms respond to grassland degradation? By how much? In what direction? (3) 
What are the implications of grassland degradation for nutrient limitation of stream 
biofilms? Based on mechanisms described above, we hypothesized that: (1) Streamwater 
nutrient concentrations and stoichiometric ratios are affected by grassland degradation due 
to differential inputs of N and P from degraded soil, and (2) C, N, and P concentrations and 
stoichiometric ratios of stream biofilms are affected by grassland degradation due to 
differential changes of N and P in streamwater. To test these hypotheses, we assessed C, 
N, and P concentrations and stoichiometric ratios of streamwater and stream biofilms in 
catchments differing in grassland status as indicated by normalized difference vegetation 
index (NDVI). We predicted that in sampling of stream and periphyton nutrients in 
subcatchments differing in grassland degradation, (1) in Scenario 1, streamwater N 
concentration will decrease more quickly than P concentration with grassland degradation; 
as a result, streamwater N:P ratio will decrease with grassland degradation. In Scenario 2, 
streamwater P concentrations will decrease more quickly than N concentrations, leading to 
increases of N:P ratio. (2) In Scenario 1, N:P of stream biofilms will decrease with 






The Qinghai Lake watershed (Figure 3.1) is an endorheic saline lake located on the 
northeast edge of the Qinghai-Tibet Plateau. The catchment area is 29,660 km2 and the 
altitude ranges from 3194 m (lake surface) to 5174 m. Qinghai Lake is the largest lake in 
China with a surface area of 4260 km2 and an average depth of 21 m (Li et al., 2007). 
Qinghai Lake has more than 40 tributaries, most of which are seasonal. The Buha River is 
the largest tributary and contributes approximately 50% of the total surface runoff flowing 
into the Qinghai Lake (Cui and Li, 2015). In the watershed, the average annual precipitation 
is 362.5 mm and the annual evaporation is 4 times greater than precipitation (Yi et al., 
2010). The air temperature ranges from -31 °C in January to 28 °C in July (Yi et al., 2010). 
Grassland is the major landcover, covering 75% of the watershed and experiencing serious 
degradation (Luo et al., 2013). 
 
Figure 3.1 Study area and sample sites. (a) Qinghai Lake watershed is located on the 
northeast of the Qinghai-Tibet Plateau (the color shows elevation). (b) The location of 
studied sub-basins (the color shows the normalized difference vegetation index (NDVI) 
across the watershed). (c) The distribution of the 22 sampling sites (the color shows NDVI). 
The map was modified from Ren et al. (2019). 
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Field sampling and chemical analyses 
This study was conducted in the Buha River basin. According to grassland phenology, 
samples were collected in mid-July 2017 (peak growing season), mid-September 2017 (late 
growing season), and late-April 2018 (early growing season). Samples were collected from 
22 sites in each season (Figure 3.1). At each sampling site, we randomly chose 6 to 9 
submerged rocks along the stream cross section. Benthic biofilms were removed from the 
upper surface (an area of 4.5-cm-diameter) of each rock by rigorously brushing with a 
sterilized nylon brush. The slurry was rinsed with 500 mL distilled water. 20 mL of mixed 
slurry was then filtered on a pre-combusted glass fiber filter (25-mm-diameter, Whatman, 
UK) with six replicates. Three filters were used to analyze biofilm carbon (BFC) and 
nitrogen (BFN) using an elemental analyzer (LECO 628, USA). Three filters were used to 
analyze biofilm phosphorus (BFP) using the ascorbate acid colorimetric method after 
digestion with potassium persulfate (EPA 365.3). Water samples were also collected for 
chemical analyses. At each stream sample site, pH, and conductivity (Cond) were measured 
in situ using a YSI handheld meter (model 80; YSI, Yellow Springs, Ohio). Elevation was 
measured using a GPS unit (Triton 500, Magellan, Santa Clara, California). Total nitrogen 
(TN) in the water samples was quantified by ion chromatography after persulfate oxidation 
(EPA 300.0). Total phosphorus (TP) was analyzed using the ascorbate acid colorimetric 
method after oxidation (EPA 365.3). DOC was analyzed on filtered streamwater (pre-
combusted GF/F filters) using a Shimadzu TOC Analyzer (TOC-VCPH, Shimadzu 
Scientific Instruments, Columbia, Maryland). 
Normalized difference vegetation index and grassland degradation 
The normalized difference vegetation index (NDVI) is commonly used to measure 
landcover status and monitor land degradation (Thiam, 2003; Yengoh et al., 2014). In this 
study, grassland status was measured by NDVI which was calculated using Landsat images 
acquired in 2017 (https://earthexplorer.usgs.gov/). For each sample site, the average NDVI 
of the sub-basin above the site was calculated as the mean NDVI of each pixel (30 m × 30 
m) in this sub-basin (Ren et al., 2019). NDVI was calculated and visualized in ArcGIS 14.0. 
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Our previous study has demonstrated that the NDVI in our study area has strong linear 
relationships with in situ measured vegetation status, including aboveground biomass, 
fractional vegetation cover, and grass species richness (Ren et al., 2019). Thus, NDVI can 
be used to indicate grassland status in this study. Moreover, both NDVI and the in situ 
measured vegetation indexes did not show clear relationships with elevation (Ren et al., 
2019) while NDVI had large variations across the study area. As shown in Chapter 1, the 
relationship between NDVI difference and geographic distance of paired sample sites was 
statistically significant (P=0.002) but the weak relationship strongly (R2=0.039) indicates 
that spatial non-independence should not interfere with the space-for-time approach. Thus, 
according to “space-for-time” substitution (Pickett, 1989; Blois et al., 2013), the 
contemporary spatial pattern of grassland status (indicated by spatial variation of NDVI) 
could be used to represent the long-term grassland degradation progress, allowing us to 
study the influences of grassland degradation on stream ecosystems, relatively 
unconfounded by other variables such as elevation. 
Analyses 
In this study, stoichiometric ratios are reported as molar ratios. To test the hypothesis that 
streamwater nutrient concentrations and stoichiometric ratios are affected by grassland 
degradation, standard major axis (SMA) regression and curve estimation were used to test 
associations of NDVI with DOC, TN, and TP concentrations and ratios of streamwater for 
each season (sampling event). We predicted that in Scenario 1, streamwater N 
concentration will decrease more quickly than P concentration with grassland degradation; 
as a result, streamwater N:P ratio will decrease with grassland degradation. In Scenario 2, 
streamwater P concentrations will decrease more quickly than N concentrations, leading to 
increases of N:P ratio. If the regressions are significantly positive, then Scenario 1 holds, 
and the hypothesis is supported. If the regressions are significantly negative, then Scenario 
2 holds, and the hypothesis is also supported. If the regressions are non-significant, then 
the hypothesis is not supported, indicating the grassland degradation does not affect stream 
nutrients and/or their stoichiometry. To test the hypothesis that C, N, and P concentrations 
and stoichiometric ratios of stream biofilms are affected by grassland degradation, standard 
major axis (SMA) regression and curve estimation were used to test associations of NDVI 
 
57 
with C, N, and P concentrations and their ratios in soil microbial biomass for each season 
(sampling event). We predicted that in Scenario 1, N:P of stream biofilms will decrease 
with grassland degradation. In Scenario 2, N:P of stream biofilms will increase with 
grassland degradation. If the regressions are significantly positive, then Scenario 1 holds, 
and the hypothesis is supported. If the regressions are significantly negative, then Scenario 
2 holds, and the hypothesis is also supported. If the regressions are non-significant, then 
the hypothesis is not supported, indicating that grassland degradation does not affect the 
N:P stoichiometry of stream biofilms. The Akaike information criterion (AIC) was used to 
select the best regression results and the P-values were adjusted using the false discovery 
rate (FDR) correction method of Benjamini and Hochberg (1995). AIC estimates the 
relative quality of different models for a same set of data by estimating the relative amount 
of information lost by each model. The lower AIC (less information lost) of a model, the 
higher quality of that model. In addition, to assess the isometric (proportional) relationships 
between C, N, and P concentration of stream biofilms, the log-log function log10(y) = a × 
log10(x) + b was used in SMA regression, and the slope (a) was tested in comparison to 1. 
R package SMART 3 (Warton et al., 2012) was used for standard major axis regression. R 
3.4.1 (R Core Team, 2017) was used to carry out all the analyses and results visualizations. 
Results 
Summary of nutrient concentrations and ratios of streamwater and stream bioiflms 
For streamwater across all sites, DOC ranged from 61 to 559 μmol C/L, TN ranged from 
39 to 202 μmol N/L, and TP ranged from 0.2 to 3.0 μmol P/L (Table 3.1). DOC and TN 
had lower variability (coefficient of variation, CV: 42.2% and 39.2%, respectively, Table 
3.1) than TP (CV: 69.3%, Table 3.1). The ratios of DOC:TN, DOC:TP, and TN:TP varied 
from 0.5 to 8.6 (CV=66.1%), 36 to 1150 (CV=69.1%), and 40 to 437 (CV=66.4%), 
respectively (Table 3.1). On average, the DOC:TN:TP ratio was 387:169:1 in streamwater 
(Table 3.1). 
For stream biofilms across all sites, BFC (biofilm carbon) ranged from 80 to 2360 nmol 
C/mm2, BFN (biofilm nitrogen) ranged from 3 to 148 nmol N/mm2, and BFP (biofilm 
phosphorus) ranged from 0.08 to 4.94 nmol P/mm2. BFC, BFN, and BFP varied 
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considerably (CV: 69.9%, 67.0%, and 68.8%, respectively, Table 3.1). BFC:BFN, 
BFC:BFP, and BFN:BFP varied from 6 to 39, 173 to 1224, and 11 to 93, respectively 
(Table 3.1). The average C:N:P stoichiometry of stream biofilms was 471:32:1 (Table 3.1). 
Table 3.1 Nutrient concentrations and stoichiometric ratios of streamwater and biofilms. 
Stoichiometric ratios are given on a molar basis. 
 
Minimum Maximum Mean Std. Deviation CV% 
DOC (μmol/L) 60.83 558.8 251.0 105.8 42.16 
TN (μmol/L) 38.76 202.5 113.8 44.63 39.23 
TP (μmol/L) 0.215 2.945 0.932 0.646 69.30 
DOC:TN 0.532 8.637 2.581 1.706 66.13 
DOC:TP 36.00 1150 386.7 267.1 69.07 
TN:TP 39.96 437.1 169.1 112.3 66.40 
BFC (nmol/mm2) 80.12 2359 755.1 527.7 69.89 
BFN (nmol/mm2) 2.706 148.2 52.60 35.26 67.03 
BFP (nmol/mm2) 0.081 4.943 1.891 1.301 68.81 
BFC:BFN 6.031 38.71 15.48 5.747 37.13 
BFC:BFP 173.6 1224 470.7 232.1 49.30 
BFN:BFP 10.70 92.52 31.93 15.21 47.64 
Hypothesis test: DOC and nutrient concentrations and ratios of streamwater are affected 
by grassland degradation 
If the grassland degradation hypothesis is correct, then we predict that DOC, TN, and TP 
concentrations and their ratios of streamwater will be associated with NDVI across the 
study sub-basins. Furthermore, the results will help assess which of the two scenarios about 
the stoichiometric impact of these changes holds. Regression analyses showed that DOC 
and TN decreased with decreasing NDVI (increasing degradation) in the sub-basin in April 
and September (Table 3.2). However, TP increased with decreasing NDVI in September 
(Table 3.2). Moreover, DOC:TP and TN:TP increased with decreasing NDVI in September 
(Table 3.2). These results partially match the predictions derived from the hypothesis under 
Scenario 1. 
Table 3.2 Summary of regression models of the relationships between NDVI (independent 
variable) versus stream nutrient concentrations and their ratios (dependent variables). The 
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results of TN, TP, and TN:TP are cited from Ren et al., 2019. P-values were adjusted using 
FDR method. Statistically significant results are indicated by bold face. 
Dependent Variable Season Function R2 p AIC 
DOC April y = 1571x - 206 0.303 0.010 57.31 
  y = -54.6x-1 + 414 0.349 0.005 239.5 
 July y = 2062x - 251 0.035 0.404 181.5 
  y = -27.7x-1 + 379 0.052 0.306 269.8 
 September y = 2072x - 217 0.310 0.007 174.3 
  y = -68.6x-1 + 586 0.318 0.006 262.8 
TN April y = 959x - 125 0.207 0.038 139.3 
  y = -23.3x-1 + 211 0.170 0.063 223.8 
 July y = 798x - 84 0.143 0.082 137.1 
 
 
y = -15.5x-1 + 179 0.109 0.134 226.7 
 September y = 954x - 126 0.252 0.017 142.0 
 
 
y = -25.9x-1 + 219 0.213 0.031 231.8 
TP April y = 17x - 3 0.014 0.609 -24.29 
 
 
y = -0.111x-1 + 1.77 0.012 0.643 59.37 
 July y = 6x - 1 0.098 0.156 -79.58 
 
 
y = -0.098x-1 + 0.906 0.088 0.181 9.418 
 September y = 6.16x +2.55 0.122 0.112 -76.33 
 
 
y = 0.161x-1 + 0.334 0.199 0.038 10.40 
DOC:TN April y = -23x + 8 0.002 0.837 -11.69 
  y = -0.035x-1 + 2.10 0.001 0.914 71.95 
 July y = -33x + 11 0.014 0.609 1.483 
  y = 0.167x-1 + 1.78 0.007 0.712 85.83 
 September y = -40x + 13 0.060 0.272 6.898 
  y = 0.474x-1 + 1.30 0.042 0.362 96.07 
DOC:TP April y = -5490x + 1633 0.013 0.617 217.2 
  y = 19.9x-1 + 182 0.004 0.791 301.0 
 July y = -5241x + 1871 0.011 0.652 213.7 
  y = 11.7x-1 + 524 0.001 0.870 298.3 
 September y = 2941x - 409 0.296 0.009 190.2 
  y = -102 x-1 + 750 0.350 0.004 277.2 
TN:TP April y = 2034x - 373 0.009 0.676 175.5 
 
 
y = -11.3x-1 + 182 0.009 0.683 259.2 
 July y = -2307x + 830 0.000 0.930 179.5 
 
 
y = 5.79x-1 + 234 0.002 0.854 263.8 
 September y = 1109x - 160 0.384 0.002 144.4 
 
 
y = -40.2x-1 + 284 0.382 0.002 233.2 
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Hypothesis test: grassland degradation affects C, N, and P stoichiometry of stream 
biofilms 
If the grassland degradation hypothesis is correct, then we predict that concentrations and 
ratios of C, N, and P of stream biofilms would be associated with NDVI across the study 
sub-basins. Furthermore, the results will help delineate which of the two scenarios about 
the influences of grassland degradation on biofilm stoichiometry holds. The results showed 
that BFC, BFN, and BFP varied considerably but did not vary with NDVI (Figure S3.1) 
nor nutrient concentrations of streamwater (Figure S3.2). Despite the large variations in C, 
N, and P concentrations of stream biofilms per unit area (nmol/mm2), C:N:P ratios of 
stream biofilms were relatively constrained (Table S3.1). Nutrient ratios of stream biofilms 
did not have significant relationships with NDVI (Figure S3.1) nor with nutrient ratios of 
streamwater (Figure S3.2). These results did not match the predictions, suggesting the 
stream biofilm nutrient concentrations and stoichiometry are not impacted by grassland 
degradation.  
Discussion 
Grassland degradation influences nutrient and nutrient ratios of streamwater 
Our data for stream DOC and nutrient concentrations and ratios indicate that grassland 
degradation decreased DOC and TN (significant in April and September) but increased TP 
(significant in September) concentrations in these QTP streams, resulting in lower DOC:TP 
and TN:TP ratios (significant in September) in streams draining highly degraded 
catchments (Table 3.2). These results are consistent with Scenario 1, in which grassland 
degradation differentially impacts C and N losses relative to P because biological processes 
in vegetation and soil are essential in providing C and N to soil but these are strongly 
impacted during the process of grassland degradation. The landscape through which a 
stream flows influences organic C, N, and P concentrations of streamwater (Williams et 
al., 2012). Especially in headwater streams, N, P, and organic C are mainly terrestrially 
derived (Howarth and Fisher, 1976; Meyer et al., 1981; Saunders et al., 2006; Tank et al., 
2010). Thus, to understand these changes it is important to consider how grassland 
degradation affects nutrient pools in soil and in vegetation. In terrestrial ecosystems, 
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organic C and N in soil are mainly provided by plants (Reich and Oleksyn, 2004). 
Grassland degradation reduces aboveground vegetation biomass, leading to the decline of 
soil nitrogen and organic C concentrations (Ren et al., in preparation, Chapter 2; Aponte et 
al., 2010; Li et al., 2012). The decline of DOC and TN concentrations of streamwater with 
increased grassland degradation of the sub-basins that we document likely is a cumulative 
effect of the sustained decreases of soil C and N associated with chronic grassland 
degradation. Even though initial stages of soil erosion may enhance the loss of soil organic 
matter and nutrients into streams (Wu and Tiessen, 2002; Steffens et al., 2008), over time 
there is less and less vegetation-derived organic matter and N in soils and thus less to be 
lost as degradation proceeds, eventually leading to lower DOC and TN concentrations in 
streamwater. In contrast, soil P is determined by primary rock weathering processes 
(Walker and Syers, 1976) that are less impacted by grassland degradation (Ren et al., in 
preparation, Chapter 2). Grassland degradation aggravates soil erosion, enhancing P loss 
from soil to adjacent streams (Zhao et al., 2011; Su et al., 2015) and leading to increased P 
concentrations in streamwater. Thus, the differential influences of grassland degradation 
on DOC, N, and P in stream result in decreased DOC:TN and TN:TP (significant in 
September). These inferences are supported by assessments of soil stoichiometry that were 
assessed in the same area - soil C:N and N:P ratios decreased with grassland degradation 
(Ren et al., in preparation, Chapter 2). The seasonal shifts in the relationships between 
nutrients and NDVI may reflect seasonal dynamics of aboveground and belowground 
interactions in the surrounding vegetation during vegetation accrual and decline. This 
requires further study. Overall, these results provide a broad view that the influences of 
grassland degradation are transferred from land to water, changing C:N:P stoichiometry 
both in soil and in streamwater and potentially shifting biological communities and nutrient 
limitation patterns in these ecosystems.  
Nutrient stoichiometric ratios of stream biofilms 
In the Qinghai Plateau streams that we sampled, changes in DOC and nutrient 
concentrations and stoichiometric ratios were associated with grassland degradation status 
to some extent but C, N, and P concentrations of stream biofilms were not (Figure S3.1). 
Moreover, wide-ranging DOC, TN, and TP concentrations and ratios in streamwater had 
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no relationships with C, N, and P concentration and ratios of stream biofilms (Figure S3.2). 
The results are not without implications. Biofilm C, N, and P concentrations had close 
relationships with each other, suggesting biological constraints on biofilm C:N:P ratios 
(Table S3.1). In stream biofilm assemblages, various heterotrophic and photoautotrophic 
taxa are tightly linked to each other via trophic and competitive interactions (Fitter and 
Hillebrand, 2009) and are involved in the transfer of nutrients via a variety of biological 
processes (Peterson et al., 2001; Burgin and Hamilton, 2007; Ishida et al., 2008; 
Mulholland et al., 2008; Drake et al., 2012). Variations in availabilities of key nutrients 
have been shown to decouple autotrophic and heterotrophic processes (Scott et al., 2008) 
as well as shift community structure and biomass in stream biofilms (Van Horn et al., 2011). 
Moreover, biofilm community composition can be strongly affected by landcover change 
(Qu et al., 2017; Ren et al., 2017). For example, previous research has demonstrated 
variation of stream diatom composition in relation to changes in landcover type from forest 
to agriculture to urban (Walker and Pan, 2006; Smucker et al., 2013; Teittinen et al., 2015). 
It has been suggested that bacterial communities as a whole can display variable 
stoichiometry while particular bacterial taxa show homeostatic properties (Makino et al., 
2003; Danger et al., 2008). Thus, the stoichiometric variations of stream biofilms that we 
observed may be related to shifts in the relative abundance of different microbial taxa as 
well as physiological plasticity of some autotrophic members in the community (Fanin et 
al., 2013). Besides the living organisms, stream biofilms also contain non-living 
components, such as detritus of algae and terrestrial plants (Hamilton et al., 2005), which 
can further cause considerable variation of C:N:P ratios of stream biofilms (Stelzer and 
Lamberti, 2001; Bowman et al., 2005). The complex chemical and biological composition 
of stream biofilms makes their stoichiometry difficult to interpret and predict.  
Implications for element limitation of stream biofilms 
Although biofilm C, N, and P as well as their stoichiometric ratios were not associated with 
NDVI and streamwater nutrients (Figure S3.1), the data still provide insight regarding 
potential nutrient limitation of stream biofilms in this basin and possible relationship to 
grassland degradation. In streamwater and biofilms, average C:P ratios were 387:1 
(DOC:TP) and 471:1 (BFC:BFP), respectively. The relatively low DOC:TP in streamwater 
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(compared to BFC:BFP in this study and to other forest streams such as in Dillon and Molot 
(1997) in which DOC:TP ratios ranged from 1292 to 1845:1) may suggest potential carbon 
limitation of heterotrophs in these stream biofilms. As a dominant form of organic carbon 
in streams (Tank et al., 2010), DOC is also a primary source of metabolic substrates for 
heterotrophic microorganisms and is extensively processed by stream biofilms (Romani et 
al., 2004; Schiller et al., 2017), fueling the stream microbial food web (Prairie, 2008; Risse-
Buhl et al., 2012). Furthermore, stream metabolism and nitrogen transformations are 
powered by oxidizable carbon (Cook et al., 2015; Hall et al., 2016; Bernhardt et al., 2018). 
Carbon limitation of bacteria and fungi has been found in many ecosystems, and 
consequently influences biogeochemical cycles of N and P, such as repressing 
denitrification in streams (Bernhardt and Likens, 2002). Our data indicate that grassland 
degradation appears to lower soil organic carbon and ultimately reduce DOC 
concentrations in streamwater. This could aggravate carbon limitation of stream 
heterotrophs in biofilms and slow biogeochemical processes. On the other hand, the large 
imbalance of N:P ratios between streamwater (average TN:TP=169:1) and biofilms 
(average BFN:BFP=32:1) does suggest that at least some components of stream biofilms 
are P-limited. In addition, the non-isometric relationship between BFC and BFP 
(disproportionate change of BFP relative to BFC) and the isometric relationship between 
BFC and BFN (proportionate changes) also suggest that biofilms in these QTP streams are 
likely more sensitive to P variation than to N variation (Table S3.1), indicating that that 
biofilms are more likely limited by P. Low P availability can strongly limit biofilm biomass, 
activity, and ecosystem processes in stream ecosystems (Elser et al., 2007). Indeed, effects 
of grassland degradation on nutrient limitation of biofilms in these streams were 
documented using nutrient diffusing substrata bioassay experiments (Ren et al., 2019). 
Taken together, our findings indicate that grassland degradation increases P concentrations 
and decreases N:P ratios in streamwater and alleviates P limitation of stream biofilms (Ren 
et al., 2019). However, as discussed above, the stream biofilm is composed by living and 
non-living components and even the living components are complex in composition 
(Stelzer and Lamberti, 2001; Bowman et al., 2005; Hamilton et al., 2005), making the 
predictions of their nutrient limitation more difficult. Moreover, benthic consumers may 
selectively ingest or assimilate certain components of stream biofilms (Lodge, 1986; 
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Raikow and Hamilton, 2001; Clapcott and Bunn, 2003). Thus, potential consequences of 
grassland degradation for stream nutrient limitation seem apparent even though its impacts 
on C:N:P stoichiometry are difficult to discern given the complexities provided by the 
diverse contributions and chemical compositions of the components in stream biofilms 
(Cross et al., 2005; Hamilton et al., 2005; Small et al., 2011). 
Conclusions 
Grassland degradation is a global threat for both terrestrial and aquatic components in 
grassland watersheds. By documenting the responses of C, N, and P concentrations and 
ratios of streamwater and biofilms, our study provides a picture of potentially differential 
influences of grassland degradation on DOC, TN, and TP concentrations and ratios in 
streamwater. Nevertheless, C, N, and P concentrations and ratios of stream biofilms were 
not clearly affected by grassland degradation. However, streamwater DOC:TN ratios were 
lower than C:N ratios of stream biofilms while streamwater had higher N:P ratios than 
biofilms. These imbalances of C:N:P stoichiometry between streamwater and biofilms 
suggested that these stream biofilms were limited by P and organic carbon. The non-
isometric relationships between biofilm C and P and the isometric relationship between 
biofilm C and N further suggested that stream biofilms were more sensitive to P variation. 
Thus, grassland degradation could potentially alleviate P limitation and aggravate C 
limitation in these catchments by differentially changing DOC and nutrient supplies. This 
study adds to our understanding of how stream ecosystems are likely to respond to further 
grassland degradation on the Qinghai-Tibet Plateau.  
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Figure S3.1 Scatter plots showing relationships between NDVI and (a) C, N, and P 






Figure S3.2 Regression plots showing relationships (a) between element concentrations of 
streamwater and stream biofilms and (b) between stoichiometric ratios of streamwater and 





Table S3.1 Standard major axis regression between nutrient concentrations of stream 
biofilms according to the function log10(y) = a × log10(x) + b. Slope was tested comparing 
to 1. The variables have the same unit (nmol/mm2) 
y x 
Regression  Slope Test (slope=1) 
R2 P Intercept (b) Slope (a)  r P 
BFN BFC 0.841 <0.000 -1.393 1.083  0.196 0.118 
BFP BFC 0.739 <0.000 -3.120 1.179  0.308 0.013 




Chapter 4 Cascading influences of grassland degradation on nutrient 
limitation in a high mountain lake and its inflow streams 
(This chapter has been published: Ren, Z., Niu, D.C., Ma, P.P., Wang, Y., Fu, H., Elser, J.J. (2019). 
Cascading influences of grassland degradation on nutrient limitation in a high mountain lake and its inflow 
streams. Ecology. 100, e02755. http://doi.org/10.1002/ecy.2755) 
Abstract 
Nitrogen (N) and phosphorus (P) are key growth-limiting nutrients for organisms and their 
absolute and relative supplies regulate the structure and function of ecosystems. Landcover 
changes lead to modifications of terrestrial biogeochemistry, consequently influencing 
aquatic nutrient conditions. This study sought to evaluate the potential impacts of grassland 
degradation on nutrient availability and nutrient limitation in the Qinghai Lake (China) and 
its inflow streams. We sampled nutrient concentrations and tested stream nutrient 
limitation by conducting nutrient diffusing substrata (NDS) bioassays in streams flowing 
through sub-basins with different grassland status. To test nutrient limitation and the 
responses of lake phytoplankton to stream inflows, bioassays were conducted by adding 
different nutrients (N, P, and joint NP) as well as water from different streams to lake water 
with phytoplankton, respectively. In general, N concentrations as well as N:P ratios 
decreased while P concentrations increased with decreased normalized difference 
vegetation index (NDVI, an index of vegetation status), especially in September, 
suggesting that grassland degradation (low NDVI) has the potential to differentially 
decrease N availability and increase P availability in streams. Consistent with this, relative 
responses (RR) of stream periphyton to P and combined NP enrichments in the NDS 
bioassays decreased with stream P concentrations while increased with streamwater N:P 
ratios. Lake phytoplankton responded strongly to P and combined NP addition indicating 
strong P-limitation of lake phytoplankton. RR of lake phytoplankton to streamwater 
decreased with nitrate concentration and N:P ratios in streamwater and increased with the 
concentrations of ammonium, total phosphorus, and soluble reactive phosphorus, 
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indicating that streamwater with higher P but lower N and N:P from degraded sub-
catchments is associated with increased impact on P-limited Lake phytoplankton. Overall, 
this study suggests that grassland degradation has the potential to differentially influence 
the nutrients delivered to streams with substantial increases in P but decreases in N and 
N:P, alleviating P limitation of stream periphyton and, ultimately, stimulating P-limited 
phytoplankton growth in the lake. 
Keywords degradation, ecological stoichiometry, Qinghai-Tibet Plateau, periphyton, 
phytoplankton, NDVI 
Introduction 
Grasslands account for 40.5% of world’s land surface (excluding Greenland and Antarctica) 
and are among the largest terrestrial biomes in the world (Cross et al., 2005; Hamilton et 
al., 2005; Small et al., 2011). On the Qinghai-Tibet Plateau (QTP), grassland is the 
dominant landcover accounting for 44% of China’s grasslands and 6% of the world’s 
grasslands (Scurlock and Hall, 1998; Tan et al., 2010). As the “Third Pole” of the Earth 
with an average elevation of >4000m, QTP plays a significant role in maintaining global 
climate and ecological security and is extremely sensitive and vulnerable to climate change 
and human activities (Jin et al., 2005; Zhao et al., 2006; Qiu, 2008; Yao et al., 2012). 
Nutrient processing and soil erosion prevention are among the most important ecological 
functions of grassland ecosystem (Daily, 1995; Conant et al., 2001; Zhang et al., 2011b; 
Dlamini et al., 2014; Su et al., 2015). In recent decades, however, the QTP grassland has 
experienced serious degradation due to numerous driving forces, such as climate change 
and overgrazing (Harris, 2010). In the Qinghai Lake watershed, half of the grassland was 
classified as degraded in 2010 (Luo et al., 2013). Changes in landcover significantly affect 
the structure, function, and element balances of terrestrial ecosystems (Tischer et al., 2014). 
As degradation increases, aboveground vegetation coverage and biomass decline, leading 
to simultaneous impairment of soil physical, chemical, and biological properties, such as 
declines in soil moisture, soil nutrients, perturbation of microbial communities, as well as 
increases in soil erosion (Abril and Bucher, 1999; Viragh et al., 2011; Li et al., 2012; 
Dlamini et al., 2014).  
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The impacts of landcover are important for streams and lakes because aquatic and 
terrestrial ecosystems are highly connected (Williamson et al., 2008). Landcover changes 
lead to modifications of terrestrial biogeochemistry and, as a consequence, alter aquatic 
biogeochemistry (Figueiredo et al., 2010; Nielsen et al., 2012). As the primary receiver of 
nutrients and organic matter inputs from terrestrial ecosystems and the main vector linking 
upland watersheds with downstream aquatic ecosystems (Vannote et al., 1980; Cronan, 
2012), streams play a critical role in biogeochemical processes (Figueiredo et al., 2010; 
Deegan et al., 2011) and are particularly sensitive to terrestrial change (Williamson et al., 
2008; Bring and Destouni, 2009; Holmes et al., 2012). Aquatic impacts of changing 
landcover can often first be observed via their effects on stream periphyton, the biofilm 
including attached algae, bacteria, and fungi. In a previous study, periphyton biomass and 
stoichiometry in streams were strongly affected by a gradient of land-use change from 
urban to rural (O'Brien and Wehr, 2010). Understanding such impacts is important because 
periphyton plays a vital role in stream ecosystems (Godwin and Carrick, 2008; Larned, 
2010), contributing substantially to primary production and thus to benthic consumers as a 
major food resource (Mayer and Likens, 1987; Hall et al., 2001). Moreover, periphyton is 
integral in biogeochemical cycling in stream ecosystems through nutrient uptake, transfer 
of nutrients to higher trophic levels, and remineralization (Schiller et al., 2007). Periphyton 
community structure and primary production are influenced by many hydrological and 
physicochemical factors, such as nutrient availability, light intensity, water temperature, 
and flow velocity (Schiller et al., 2007; Fanta et al., 2010; Battin et al., 2016), all of which 
can be impacted by land use change. For example, in degraded grassland systems, losses 
of nutrients can increase due to erosion (Wen et al., 2013; Wang et al., 2014). In streams 
flowing through grassland without a forest canopy, nutrient availability has a particularly 
important role in periphyton growth and thus understanding impacts of land use on nutrient 
flows is important for such systems.  
Streams and rivers receive nutrients (such as nitrogen and phosphorus) and organic matter 
exported from terrestrial ecosystems and are strongly influenced by the landscapes through 
which they flow (Bring and Destouni, 2009; Holmes et al., 2012). As a result, lakes have 
an intimate relationship with catchment characteristics through materials transported by 
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surface runoff (Zhang, 2011a; Canham et al., 2012; Cronan, 2012; Sadro et al., 2012). Thus, 
changes in catchment landcover can alter the export of carbon and nutrients from 
catchments to lake ecosystems (Abell et al., 2011; Erol and Randhir, 2013; Umbanhowar 
et al., 2015) and can indirectly shift nutrient status and limitation of lake ecosystems 
(Dodson et al., 2005; Hoffmann and Dodson, 2005; Vanni et al., 2011). For example, in a 
set of catchment-lake systems in three contrasting catchments (forested, agricultural, and 
mixed), land use practices strongly influenced rates and ratios of exported nutrients and 
thus influenced nutrient stoichiometry and limitation (Vanni et al., 2011).  
In ecosystems across the globe, both nitrogen (N) and phosphorus (P) are growth-limiting 
nutrients for many organisms (Elser et al., 2001; Sterner and Elser, 2002; Elser et al., 2007) 
and shape the structure and function of both aquatic and terrestrial ecosystems (Schlesinger 
and Bernhardt, 2013). Landcover changes will not only alter terrestrial biogeochemical 
processes but also have strong potential influences on nutrient limitation and stoichiometry 
in aquatic ecosystems. Ongoing climate change and expansion of human activities such as 
livestock grazing have significantly affected grassland ecosystems across the world (Suttie 
et al., 2005; Wiesmair et al., 2016). Indeed, the Qinghai Lake watershed is facing serious 
grassland degradation (Luo et al., 2013). However, how grassland degradation influences 
linked stream-lake ecosystems is poorly known. In this study, we coupled intensive nutrient 
sampling with bioassay experiments for both stream periphyton and lake phytoplankton to 
assess the cascading influences of grassland status on nutrient dynamics and limitation of 
primary producers in the Qinghai Lake and its inflow streams. Our objectives were to 
address the following questions: (1) How do stream nutrients respond to grassland 
degradation? (2) How do grassland degradation impact on nutrient supply alter stream 
periphyton nutrient limitation? (3) How do lake phytoplankton respond to stream inflows 
as a function of grassland degradation? Based on the hypothesis that grassland degradation 
differentially alters inputs of N and P to streams, we predicted that, across a set of streams 
in sub-catchments differing the degree of grassland degradation: (1) concentrations of total 
and dissolved inorganic nitrogen and phosphorus will be differentially associated with sub-
catchments grassland degradation status and thus N:P ratios of nutrient pools will change 
with grassland degradation; (2) nutrient limitation of stream periphyton will be a function 
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of degradation-associated variation in stream nutrients; (3) lake phytoplankton will be 
differently stimulated by stream inflows from different sub-catchment as a function of sub-
catchment grassland degradation status.  
Methods 
Study area 
This study was conducted in the Qinghai Lake watershed, which is located on the northeast 
edge of the Qinghai-Tibet Plateau (QTP; Figure 4.1). Qinghai Lake is the largest lake in 
China, with a surface area of 4,260 km2, a catchment area of 29,660 km2, and an average 
depth of 21 m (Li et al., 2007). The elevation of the lake surface is 3,192 m. Qinghai Lake 
is a remote endorheic saline (salinity=11.8‰) lake with more than 40 tributaries, most of 
which are seasonal with an average salinity of 0.21‰ (Meng et al., 2014). The lake is 
frozen from late December to mid-March. In the Qinghai Lake watershed, the mean annual 
precipitation is 362.5 mm but annual evapo-transpiration is 1,300-2,000 mm (Yi et al., 
2010). The precipitation in summer (June to August) accounts 65% of the annual 
precipitation (Cao et al., 2013). Air temperatures range from -31 °C in January to 28 °C in 
July on average. Mean annual temperature is -0.7℃ (Yi et al., 2010). June to mid-
September is the growing season for terrestrial vegetation while late September to May is 
the plant-withering season (Liu and Jiang, 2004). Based on previous studies (An et al., 
2006; Hao, 2008; Li et al., 2009), terrestrial and aquatic ecosystems in the Qinghai Lake 
area are sensitive to global climate change and other anthropogenic impacts. Grassland is 
the main landcover type in the Qinghai Lake watershed, accounting for 75% of land area. 
This grassland is deteriorating due to intensive livestock grazing (yak and sheep) and 
climate change (increasing temperature and evapotranspiration), with degraded grassland 
accounting for 37% of the whole watershed area in 2010 (Luo et al., 2013). Grassland 
degradation refers to retrograde succession of structure and function of a grassland, in 
comparison to its original quasi-equilibrium state with specific manifestations such as 
declines of biodiversity, loss of stability and resilience, and declines of above-ground 
vegetation productivity. It has been demonstrated that the climate warming rate on the QTP 
has been three times the global rate over the last 50 years (Piao et al., 2011). This climate 
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warming has caused desiccation and the loss of permafrost and seasonally-frozen soil, 
substantially contributing, along with intensive livestock grazing, to deterioration of 
degradation on the QTP (Harris, 2010). 
 
Figure 4.1 The location of the study area. (a) Qinghai Lake watershed is located on the 
northeast edge of the Qinghai-Tibet Plateau. The map is colored by elevation. Cool colors 
represent low elevation and warm colors represent higher elevation (b) Lake samples were 
collected at 3 sites (black circles) in the lake. The map is colored by NDVI. Cool colors 
represent low degradation and warm colors represent higher degradation. (3) Stream 
samples were collected at 22 sites (pink and red circles) with different grassland status in 
their sub-basins with nutrient diffusing substrata (NDS) bioassays conducted at 9 sites (red 
circles) to determine the potential nutrient limitation of periphyton. Streamwater samples 
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were collected for the streamwater bioassay at the same 9 sites to determine lake 
phytoplankton responses to stream inflows. The maps were created in ArcGIS 14.0 
(http://desktop.arcgis.com/en/arcmap/) using ASTER GDEM images for the elevation and 
Landsat images for NDVI value. All the images were download from USGS 
(https://earthexplorer.usgs.gov/) 
Field sampling and sample analyses 
We collected samples from 22 stream sites and 3 lake sites in July 2017, September 2017, 
and April 2018 (Figure 4.1) for a total of 66 stream samples and 9 lake samples. The basic 
information of the studied lake and streams is summaried in Table S4.1 and Table S4.2. 
Streamwater samples were collected at the depth of 10 cm and lake water samples were 
collected at the depth of 0.5 m. Total nitrogen (TN) was quantified by ion chromatography 
after persulfate oxidation (EPA 300.0). Total phosphorus (TP) was analyzed using the 
ascorbate acid colorimetric method after oxidation (EPA 365.3). Water samples used for 
analyzing nitrate (NO3--N), ammonium (NH4+-N), and soluble reactive phosphorus (SRP) 
were filtered using glass fiber (GF/F) filters. NO3--N was determined by ion 
chromatography (EPA 300.0). NH4+-N was determined using the indophenol colorimetric 
method (EPA 350.1). Soluble reactive phosphorus (SRP) was quantified using the 
ascorbate acid colorimetric method (EPA 365.3).  
Normalized difference vegetation index 
To address objective 1, we compared stream nutrients to normalized difference vegetation 
index (NDVI), a measure of landscape degradation, to assess how stream nutrients are 
influenced by grassland degradation. Normalized difference vegetation index (NDVI) is 
the most commonly used vegetation index and is proposed as a measure of landcover status 
and an inverse measure of land degradation (Thiam, 2003; Yengoh et al., 2014). High 
values of NDVI indicate healthy vegetation while low NDVI is indicative of degraded 
conditions.  
In the Qinghai Lake watershed, grassland status was measured by NDVI using Landsat 
images downloaded from USGS (https://earthexplorer.usgs.gov/). Landsat images 
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acquired in July from 1986 to 2017 were used to assess the dynamics of grassland status in 
the past decades. For each sub-basin, the average NDVI was calculated as the mean NDVI 
of each pixel (30 m×30 m) in the sub-basin. The average NDVI for 2017 (NDVI.17, Table 
S4.1) was used to represent the current grassland status of the study area and was used in 
the following analyses.  
To verify the relationships between NDVI and vegetation status, in situ grass species 
richness, aboveground biomass, and fractional vegetation coverage were measured in July 
2017. In total, 19 vegetation samples (1 m × 1 m plot with three replicates) were collected 
close to the stream sites. Correspondingly, the NDVI of 2017 was calculated for each of 
these vegetation sample sites. The relationship between NDVI difference and geographic 
distance of paired sample sites was statistically significant (P=0.002) but explained little 
variance (R2=0.039), indicating that potential spatial non-independence of the observations 
should not strongly complicate the space-for-time approach. 
Nutrient diffusing substrata bioassay 
To address objective 2, we used nutrient diffusing substrata (NDS) bioassays to assess 
potential nutrient limitation of periphyton in a subset of 9 streams spanning a gradient of 
grassland degradation in July 2017, September 2017, and April 2018. NDS are widely used 
to test potential nutrient limitation of biofilms in streams (Gibeau and Miller, 1989; Tank 
and Dodds, 2003; Scott et al., 2009; Hauer and Lamberti, 2011). NDS were constructed 
based on the design of Gibeau and Miller (1989), using 50-mL centrifuge tubes filled with 
20 g/L agar solution (2% agar by weight) for four treatments: untreated controls (Control), 
nitrogen addition (+N), phosphorus addition (+P), and combined nitrogen and phosphorus 
addition (+NP) (Figure S4.1). For the +N treatment, a concentration of 50.6 g/L KNO3 was 
added to the pre-autoclaved base agar solution resulting in 0.5 mol/L N. For +P treatment, 
a concentration of 68 g/L KH2PO4 was added resulting in 0.5 mol/L P. For +NP, 50.6 g/L 
KNO3 and 68 g/L KH2PO4 were added for 0.5 mol/L N and P (Tank and Dodds, 2003; 
Hauer and Lamberti, 2011). We cut 20-mm diameter holes in the caps of 50-mL centrifuge 
tubes and placed a GF⁄F glass fiber filter (25-mm diameter) (Tank and Dodds, 2003) across 
the top of the tubes to cover the agar completely and serve as a growth substrate for 
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periphyton colonization that enabled nutrients to diffuse from the agar medium through the 
filter. NDS tubes were placed on a rack and fixed on the streambed with the tube caps at a 
depth of 10 cm.  
The NDS bioassay was conducted in 9 streams during the field sampling in July and 
September in 2017 and April in 2018 (Figure 4.1). The sub-basins of these 9 streams have 
different grassland status according to NDVI. In each stream, a full nitrogen x phosphorus 
factorial experiment (with five replicates) was established and incubated for one week. 
Laboratory assays have previously shown that the rate of nutrient diffusion from the 2% 
agar cups is constant through 17 days and then declines only slightly until day 21 (Tank 
and Dodds, 2003). At the end of the incubation period, filters were collected and frozen 
until analysis for chlorophyll-a (Chl-a). Chl-a was extracted into 10 mL 90% buffered 
acetone and measured using a spectrophotometer (EPA 445.0). To facilitate comparison of 
bioassay results across sites and sample dates, results were summarized by calculating the 
relative responses of primary producer biomass (Chl-a) to the addition of N (RR-N), P 
(RR-P), and NP (RR-NP) by normalizing Chl-a of each treatment (Chl-X) to the control 
(Chl-C): RR-X = Chl-X/Chl-C, where X is N, P, or NP. An RR value of 1 indicates no 
response to nutrient supplementation.  
Nutrient limitation bioassay for lake phytoplankton 
In order to clearly understand the responses of lake phytoplankton to stream inflows as a 
function of grassland degradation, we need to identify the primary limiting nutrient (N vs 
P) for lake phytoplankton growth. Thus, nutrient limitation bioassays for lake 
phytoplankton were conducted in July 2017, September 2017, and April 2018 (Figure 
S4.2a). Clean plastic bottles were filled with 500 mL of 62-μm screened lake water. Four 
treatments in triplicates were established: untreated controls (Control), nitrogen addition 
(+N), phosphorus addition (+P), and combined nitrogen and phosphorus addition (+NP). 
Nutrients were added to the bottles to increase N-concentrations by 100 μg/L (7.2 μmol/L) 
and/or P-concentrations by 10 μg/L (0.3 μmol/L) (Tank and Dodds, 2003). N was added as 
KNO3 and P as KH2PO4. Bottles were incubated as described before. After incubation, the 
water in each bottle was filtered onto a GF/F filter and then frozen for Chl-a analysis. The 
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relative response of each treatment (RR-X) was calculated as RR-X = Chl-X/Chl-C, where 
X is N, P, or NP.  
Streamwater bioassay for lake phytoplankton 
To address objective 3, streamwater bioassays (Figure S4.2b) were conducted in July 2017, 
September 2017, and April 2018 to compare the relative impacts of water from various 
streams in stimulating lake phytoplankton production. Lake water collected from the three 
lake sampling locations was pooled together in equal proportions to be used in the 
following bioassay. First, clean plastic bottles were filled with 400 mL of 62-μm screened 
lake water (62-μm LW). Then, 100 mL of 0.2-μm filtered lake water (0.2-μm LW) was 
added as the control and 100 mL aliquots of 0.2-μm filtered streamwater (0.2-μm SWn) 
from 9 streams (S11, S31, S41, S61, S71, S81, S91, SD, and SE in Figure 4.1) were added 
separately as different treatments (Treatment-n). Each treatment was performed in 
triplicate and incubated in a light-temperature board held at temperatures similar to the lake 
environment at 0.5-m depth where the lake water samples were collected. Bottles were 
shaken twice daily. After 72 h incubation, the water in each bottle was filtered onto a GF/F 
filter and then frozen for later Chl-a analysis. Chl-a was extracted into 10 mL 90% buffered 
acetone and measured using a spectrophotometer (EPA 445.0). To compare across 
treatments the relative response of each treatment (RR-SWn) was calculated as RR-SWn = 
Chl-SWn/Chl-C, where Chl-SWn was the Chl-a concentration of each treatment and Chl-C 
was the Chl-a concentration of the control. 
Statistical analyses 
Linear regression was used to verify the relationships between NDVI and in situ vegetation 
status, as well as to assess the relationships between elevation and vegetation factors. 
Standard major axis (SMA) regression and curve estimation (inverse function) were used 
to assess the relationships between NDVI and streamwater nutrient concentrations and 
relative responses of stream periphyton, as well as between streamwater nutrient 
concentrations and relative responses of stream periphyton and lake phytoplankton. The 
regressions were selected based on Akaike Information Criterion (AIC). AIC is used to 
estimate the relative quality of models fit for a same set of data by estimating the relative 
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amount of information lost by each model. The less information lost by a model (lower 
AIC), the higher quality of that model. Regression results with P-values between 0.05 to 
0.10 were presented for cases where the relationship was concordant with other regressions 
for which P<0.05. In doing this, we follow to the recommendations of the American 
Statistical association (Wasserstein and Lazar, 2016) to avoid blind adherence to 
“mechanical ‘bright-line’ rules (such as P<0.05)”. However, most regressions had P<0.05, 
providing the primary basis for our interpretations. T-tests were conducted for all 
experiments to assess treatment differences from the control in stream NDS experiments 
and in the lake bioassays. ANOVA analyses with post hoc pairwise comparison and P-
value correction (Benjamini-Hochberg method; Benjamini and Hochberg, 1995) were 
conducted to test whether the relative responses of stream periphyton to each nutrient 
treatment differed between different seasons and to compare the effects of enrichment on 
stream periphyton and lake phytoplankton. All analyses were conducted using R 3.5.1 (R 
Core Team, 2017). 
Results 
Spatial and temporal variation of grassland status quantified using NDVI 
NDVI and in situ vegetation status had strong linear relationships (Figure S4.3), supporting 
the use of NDVI to indicate grassland status in this study. Moreover, vegetation did not 
have clear relationships with elevation (Figure S4.4), also supporting the use of NDVI to 
indicate grassland gradation across the study area. The grassland status of each sub-basin 
was quantified using average NDVI of the sub-basin from 1986 to 2017 (Figure 4.2a). In 
these sub-basins, NDVI decreased 39.5% on average from 2009 to 2017 (Figure 4.2a), 
suggesting substantial grassland degradation. Across the study area, NDVI values in 2017 
(NDVI.17) indicate that current grassland status of the study sub-basins had large spatial 
variation (Figure 4.2b). Sub-basin S32 had the highest NDVI.17 (0.344) while sub-basin 




Figure 4.2 Temporal and spatial variation of grassland status quantified using normalized 
difference vegetation index (NDVI), an inverse proxy for grassland degradation (low 
NDVI indicates degraded conditions). (a) NDVI of each sub-basin from 1986 to 2017. (b) 
NDVI value in 2017 indicating current grassland status of the study sub-basins. The dot 
represents the mean value and the whisker represents standard deviation. Sub-basins are 
ranked by NDVI.17 value from high to low and the red represents the sub-basins targeted 
for nutrient diffusing substrata (NDS) bioassays to determine the potential nutrient 
limitation of periphyton and for streamwater bioassays to determine lake phytoplankton 
responses to stream inflows. (c) Field pictures showing in situ grassland status and 
corresponding NDVI value. 
Influences of grassland status on streamwater nutrients 
If the grassland degradation hypothesis is correct, then we predict that nutrient 
concentrations and ratios of streamwater would be associated with NDVI across the study 
sub-basins. In streamwater, NO3--N was the major nitrogen component, accounting for 73% 
of TN on average. Regression analyses showed that nitrogen concentrations (especially TN 
and NO3--N) in streamwater decreased with decreased NDVI.17, although NH4+-N 
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increased with decreased NDVI.17 in July but decreased in September (Figure 4.3 and 
Table S4.3). In contrast, SRP only accounted for 29% of TP on average. Concentrations of 
both TP and SRP increased with decreased NDVI.17 in September (Figure 4.3 and Table 
S4.3). These results indicate that grassland degradation (decreasing NDVI) tended to 
increase streamwater P (as seen in September) but to consistently reduce N in streamwater. 
Consistent with these differential shifts in N and P, stoichiometric ratios of TN:TP 
decreased with decreasing NDVI.17 in September (P<0.05) and DIN:SRP decreased in 
July (P = 0.09) and September (P=0.001) (Figure 4.3 and Table S4.3). Overall, these data 
indicate that grassland degradation (as indicated by decreasing NDVI) was associated with 
higher P concentrations (in September), strongly lower N concentrations, and lower N:P 
ratios (especially DIN:SRP) in streamwater. These results partially match the predictions. 
 
Figure 4.3 Regression analyses showing the relationships between grassland conditions 
(NDVI.17) and nutrient concentrations and stoichiometric ratios of streamwater in the sub-
basins in July 2017, September 2017, and April 2018. Each point represents one sample 
with three replicates. The solid lines represent relationships with p<0.05 while dashed lines 
indicate relationships with 0.05<p<0.10. 
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Nutrient limitation of stream periphyton and its responses to streamwater nutrients 
Seasonality of nutrient limitation 
In NDS experiments, stream periphyton had stronger relative responses to P and NP 
enrichment in July than in September and April (Figure S4.5 and Table S4.4). Moreover, 
P and NP enrichment produced stronger responses than N enrichment in July. In September 
and April, however, NP enrichment produced larger responses than single nutrient 
enrichment (Figure S4.5 and Table S4.5). Stream periphyton shifted from predominant P 
limitation in July to N-P colimitation in September and April (Figure S4.5). Regression 
analyses showed that there were no relationships (P>0.10) between the relative responses 
of stream periphyton to nutrient additions (RR-X) and sub-catchment average NDVI, 
suggesting that nutrient limitation of stream periphyton was not tightly associated with 
grassland status (but see below).  
Influences of streamwater nutrients on nutrient limitation of stream periphyton 
If the grassland degradation hypothesis is correct, then we predict that nutrient limitation 
of stream periphyton would be associated with NDVI across the study sub-basins. While 
stream periphyton responses to nutrient enrichment were not closely associated with NDVI 
itself, stream periphyton responses to P and NP enrichments (RR-P and RR-NP, 
respectively) declined with increasing streamwater concentrations of TP and SRP (Figure 
4.4 and Table S4.6), which themselves increased consistently with declining NDVI (Figure 
4.3). Stream periphyton also showed decreased responses to P and NP enrichments with 
decreasing streamwater TN:TP and DIN:SRP (Figure 4.4 and Table S4.6). Overall, these 
data indicate that increasing TP and SRP concentrations and declining TN:TP and 
DIN:SRP ratios in streamwater in degraded sub-catchments (Figure 4.3) were associated 
with reduced responses of stream periphyton to P addition as well as to combined NP 
addition. This suggests that grassland degradation potentially alleviated P limitation and 
N-P colimitation of periphyton in these Qinghai basin streams. These results tentatively 




Figure 4.4 Regression analyses between the relative responses of stream periphyton to 
nutrient enrichment (RR-N, RR-P, RR-NP) and ambient stream nutrient concentrations in 
nine streams spanning a grassland degradation gradient. Data represent results from 
nutrient diffusing substrata bioassay experiments (NDS) and ambient streamwater nutrient 
concentrations in July 2017, September 2017 and April 2018. Each point represents the 
mean value of 5 replicates. X-axis represents the nutrient concentrations and ratios of 
streamwater. Y-axis represents the relative responses (RR-X) of stream periphyton to 
nutrient enrichment. The solid lines represent relationships with p<0.05. The dashed lines 
represent relationships with 0.05<p<0.10. 
Nutrient limitation of lake phytoplankton and its responses to stream inflows 
If the grassland degradation hypothesis is correct, then we predict that the responses of lake 
phytoplankton to stream inflows would be associated with NDVI across the study sub-
basins. Lake phytoplankton responded more strongly to phosphorus addition (RR-P) than 
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to nitrogen addition (RR-N) and the response to combined phosphorus and nitrogen 
addition (RR-NP) was close to RR-P, suggesting that the phytoplankton growth in Qinghai 
Lake was strongly P limited (Figure 4.5h and Table S4.7). These results help in interpreting 
the streamwater bioassays as they indicate that lake phytoplankton should respond most 
strongly to streamwater with higher concentrations of P and having low N:P ratios. 
Regression analyses showed that the relative responses of lake phytoplankton to 
streamwater (RR-SW) from different catchments were related to nutrients in that 
streamwater, decreasing with its NO3--N, increasing with its concentrations of NH4+-N, TP, 
and SRP, and decreasing with its TN:TP and DIN:SRP ratios (Figure 4.5 and Table S4.6). 
Overall, these results indicate that low TN:TP and DIN:SRP streamwater from low-NDVI 
(degraded) sub-catchments (Figure 4.3) more strongly stimulated growth of P-limited 
Qinghai Lake phytoplankton. These results tentatively match the predictions. 
 
Figure 4.5 (a-g) Regression analyses for the relative responses of lake phytoplankton to the 
addition of streamwater from different sub-basins in July 2017, September 2017, and April 
2018. The x-axis represents nutrient concentrations of the streamwater used. Y-axis (RR-
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SW) represents the relative responses of lake phytoplankton to streamwater addition. Each 
point represents one bioassay with three replicates. The solid line represents relationships 
with p<0.05. (h) Nutrient limitation bioassays for the phytoplankton in Qinghai Lake. Y-
axis (RR-X) represents the relative responses of lake phytoplankton to nutrient enrichment. 
The whisker represents the standard deviation (n=3 for each treatment). “*” represents 
P<0.05 for t-test of RR-X=1 for all responses. 
Discussion 
Our analyses show that NDVI varies spatially in the Qinghai Lake basin and has decreased 
rapidly in the past decade, suggesting acute grassland degradation in some areas with rapid 
degradation across the whole watershed. This degradation appears to be associated with 
large-scale changes in nutrient cycling in the basin, as N concentrations and N:P ratios in 
streamwater decreased while P concentrations increased with decreases in NDVI (a proxy 
for grassland degradation). These results suggest that grassland degradation (low NDVI) 
has the potential to differentially decrease N availability and increase P availability in 
streams, resulting in decreased N:P ratios, especially in early and late growing seasons. 
These changes can be understood as grassland degradation impacts soil properties and 
vegetation in the watershed, which alters terrestrial biogeochemical processes, and, as a 
consequence, alters aquatic biogeochemistry (Figueiredo et al., 2010; Nielsen et al., 2012). 
More specifically, we suggest that, as grassland degradation increases, aboveground 
vegetation declines together with deterioration of soil physical, chemical, and biological 
properties, such as soil moisture, nitrogen content, and microbial activity (Abril and Bucher, 
1999; Viragh et al., 2011; Li et al., 2012; Dlamini et al., 2014). Soil and vegetation as well 
as soil microbes are the key factors influencing nutrient accumulation and export (Canham 
et al., 2012), which then influence nutrient availability and movement potential in a 
watershed (Fraterrigo and Downing, 2008). It has been demonstrated that high grass 
productivity increases soil N stocks by N fixation and enhances N mineralization (Fornara 
and Tilman, 2008; Oelmann et al., 2011; Cong et al., 2014). N is transported from top soil 
to deep soil and streamwaters predominantly via inorganic forms, such as NO3--N due to 
their high mobility (Perakis and Hedin, 2002). This scenario is supported in our study by 
our observation that N in streamwater was mainly in the form of NO3--N and had high 
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concentrations in the streams with high NDVI (intact grassland) in the catchment. In 
degraded grassland ecosystems, low plant productivity likely leads to low N content in soil 
and thus less N is available to be lost to streams. Moreover, in degraded grassland 
ecosystems, loss of vegetation and deterioration of soil texture aggravate soil erosion, 
enhancing the loss of soil nutrients and especially particle-bound P to adjacent aquatic 
ecosystems (Dong et al., 2012; Su et al., 2015). For example, P generally enters aquatic 
ecosystems through surface runoff and soil erosion by binding to soil particles and organic 
matter (Jacobson et al., 2011) and thus particulate P is often the most important P loss from 
catchments to aquatic ecosystems (Pärn et al., 2012). In our study, SRP only accounted for 
29% of TP on average, suggesting particulate P appears to account for a large proportion 
of TP in stream (samples for analysis of dissolved organic P pools are not available). Thus, 
in our study, grassland degradation was associated with increased P but decreased N and 
N:P in streamwater in general.  
In our study, stream periphyton was mainly limited by P in July and co-limited by N&P in 
September and April. However, the responses of stream periphyton to P addition and 
combined N and P addition appeared to be dampened in streams in low-NDVI sub-basins, 
likely because grassland degradation differentially increased P availability and decreased 
N availability in streamwaters. In stream ecosystems, periphyton are tightly linked to 
watershed conditions because landcover significantly controls the export of C, N, and P 
from catchments to aquatic ecosystems, potentially shifting in situ periphyton community 
structure and influencing primary production (Abell et al., 2011; Erol and Randhir, 2013; 
Umbanhowar et al., 2015). Previous studies have suggested that the community 
composition, biomass, and stoichiometry of stream periphyton change significantly in 
response to landcover-induced changes in available nutrients (Fanta et al., 2010; Hill et al., 
2011; Drake et al., 2012). C:N and C:P ratios of stream periphyton generally decrease with 
increasing nutrient availability, shifting the nutrient limitation regime (Frost et al., 2005; 
Kohler et al., 2011). Thus, our results suggest that grassland degradation differentially 
affecting nutrients in streamwater, potentially alleviating P limitation of stream periphyton.  
Nutrient enrichment bioassays indicated that phytoplankton growth in Qinghai Lake was 
strongly P limited. Previous research has shown that Qinghai Lake has relatively high 
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concentrations of nitrogen and carbon (both DIC and DOC are high) but very low 
phosphorus concentrations (Yang et al., 2005; Zhang et al., 2010; Ao et al., 2014; Meng et 
al., 2014), consistent with P limitation of the lake phytoplankton as we observed. It is 
generally recognized that P is usually the main nutrient limiting lake primary production 
(Schindler, 1974, 1977; Sterner, 2008) because P has no gaseous atmospheric cycle and 
there are no biological mechanisms to redress P deficiencies (Schindler, 1974, 1977; 
Sterner, 2008). Lake ecosystems respond rapidly to nutrient alterations caused by land use 
change (Vanni et al., 2011), particularly in oligotrophic lakes where a small change in 
absolute concentration can mean a large change in relative availability (Brahney et al., 
2015). Relatively subtle changes in the supplies of N and P might shift phytoplankton 
between N- and P-limited growth (Elser et al., 2009) or primary producers might be 
synergistically limited by supplies of N and P (Elser et al., 2007; Harpole et al., 2011). Our 
stream data suggest that grassland degradation can differentially affect the nutrients 
delivered to streams by increasing P but decreasing N and N:P, leading us to expect that P-
limited Qinghai Lake phytoplankton would be more strongly stimulated by streamwater 
from sub-catchments with low NDVI (higher grassland degradation). Consistent with this, 
the response of phytoplankton in Qinghai Lake to streamwater amendment was positively 
related with streamwater P concentrations and negatively with NO3--N concentration and 
N:P ratios, supporting a conclusion that grassland degradation alleviates P limitation of the 
lake and stimulates P-limited lake phytoplankton growth. These impacts are important 
because, in lakes, phytoplankton form the base of food webs supporting higher trophic 
levels (Elser et al., 2010). The growth, reproduction, elemental composition, and even 
community structure of primary producers strongly depends on the supplies of N and P 
(Sterner and Elser, 2002; Klausmeier et al., 2004). Moreover, according to the concepts of 
ecological stoichiometry (Sterner and Elser, 2002), P limitation of primary production can 
create stoichiometric imbalances between consumers and primary producers and transfer 
P limitation to herbivores (Elser et al., 2000, 2009), influencing the herbivore success, the 
stability of aquatic food webs, and a variety of other ecological processes (Elser et al., 2002; 
Sterner and Elser, 2002; Mueller et al., 2007; Rellstab et al., 2007). Thus, grassland 
degradation has the potential to affect lake ecosystem structure and function by shifting 
nutrient limitation patterns of primary producers.  
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Qinghai Lake is saline and has high pH. Thus, our results may not pertain to other lakes of 
lower salinity and neutral pH. Indeed, pH is a vital variable in aquatic systems affecting 
nutrient uptake and controlling chemical species of most nutrient ions for primary 
producers (Tilman et al., 1982) while salinity also affects phytoplankton communities in 
lakes (Larson and Belovsky, 2013; Wurtsbaugh and Barnes, 2015). However, saline lakes 
represent 45% of the volume of all inland lakes in the world (Van der Leeden, 1990). For 
example, there are many saline lakes in arid regions, such as the Aral Sea and Lake 
Balkhash in Central Asia and Great Salt Lake and Salton Sea in the USA. On the Qinghai-
Tibet Plateau, saline lakes make up 42% of the total area of all lakes (Zheng, 1997). Thus, 
our study is potentially important regionally and globally. 
Our study addressed the objectives we proposed originally by highlighting several potential 
influences of grassland degradation on nutrient concentrations and nutrient limitation in 
aquatic ecosystems in the grassland watershed of Qinghai Lake. However, more in-depth 
work is required to overcome some of our study’s limitations. For example, this study was 
conducted in a 1-year timeframe and neglects potential inter-annual variation. Longer-term 
assessments can avoid the potential influence of random climatic events and reveal effects 
of grassland degradation across a wider temporal scale. Moreover, in addition to the 
influence of catchment properties on nutrient concentrations and ratios in stream (Frost et 
al., 2009), watershed discharge is another important factor influencing the balance of 
elements in streams, leading to seasonal variations (Frost et al., 2009). More intensive intra-
annual sampling and experimentation would be useful in establishing seasonal patterns of 
grassland influence on stream and lake nutrient limitation. 
Conclusions 
Aquatic ecosystems are facing increasing pressures and threats from disturbances of 
landcover in upland watersheds due to global climate change and human activities. These 
landcover disturbances are prevalent in grassland ecosystems where climate change and 
human activities such as livestock grazing contribute to widespread degradation. Such 
landcover changes not only alter terrestrial biogeochemical processes but can also affect 
nutrient concentrations and stoichiometry and nutrient limitation in the aquatic ecosystems 
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to which those terrestrial habitats are linked. Our study indicates that stream nutrient 
concentrations and stoichiometric ratios are affected by grassland conditions in the Qinghai 
Lake watershed, a degrading grassland ecosystem on the Qinghai-Tibet Plateau. 
Specifically, N concentrations decline, and P concentrations increase, potentially 
alleviating P limitation of primary producers both in the basin’s streams but also in Qinghai 
Lake itself, contributing to lake eutrophication. These results provide insights into how 
landcover disturbances affect nutrient balance and limitation in aquatic ecosystems in a 
rapidly changing world.  
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Figure S4.1 The design of nutrient diffusion substrata to determine nutrient limitation in 
stream periphyton and to determine periphyton responses to nutrient additions. (a) 
Schematic diagram. (b) Field photograph. Centrifuge tubes (50 mL) were filled with agar 
and covered by a GF/F filter to serve as a substratum for periphyton colonization. Agar 






Figure S4.2 (a) Nutrient limitation bioassay to determine which nutrient (N vs P) is limiting. 
Nutrients were added to the bottles to increase N-concentrations by 100 μg/L and/or P-
concentrations by 10 μg/L. (b) Streamwater bioassay to determine lake phytoplankton 
response to streamwater additions. “62-μm LW” represents 62-μm screened lake water. 
“0.2-μm LW” represents lake water filtered by 0.2 μm GF/F filter. “0.2-μm SWn” 
represents water from stream n spanning a gradient of grassland degradation (n represents 
S11, S31, S41, S61, S71, S81, S91, SD, and SE) filtered by 0.2 μm GF/F filter. Each 





Figure S4.3 Relationships between NDVI and in situ measured (a) aboveground biomass, 






Figure S4.4 Scatter plots of elevation versus grassland vegetation parameters, including 
aboveground biomass, fractional vegetation cover, grass species richness, and NDVI. R2 




Figure S4.5 Relative responses (RR-X) of stream periphyton to nutrient enrichment (+N, 
+P, +NP) in (a) July 2017, (b) September 2017, and (c) April 2018 to determine nutrient 
limitation of periphyton in 9 streams spanning a gradient of grassland degradation as 
determined by normalized difference vegetation index (NDVI). The red dashed line 
represents RR-X=1. The sub-basins on the X-axis are ordered based on NDVI.17 from high 
to low. The italic letters above the bar represent the type of nutrient limitation. “·” and 
“*” represent P<0.1 and P<0.05 for t-test of RR-X=1 for all responses. “na” represents no 
nutrient limitation; “N” represents N limitation; “P” represents “P limitation”; “NP” 






Table S4.1 Basic information for the study 22 sub-basins (mean±SD, SD represents 
standard deviation). NDVI.17 value indicates grassland status of the study sub-basins in 




Elevation of the 
sample site (m) 
Elevation of the 
sub-basin (m) 
Slope NDVI.17 
S11 126 3488 3787 ± 175 10.8 ± 6.5 0.302 ± 0.053 
S12 80 3581 3875 ± 153 12 ± 6.8 0.314 ± 0.051 
S13 33 3672 4072 ± 850 2.6 ± 1.4 0.256 ± 0.032 
S31 192 3501 3891 ± 158 12.4 ± 6.7 0.304 ± 0.072 
S32 79 3608 3982 ± 146 12.9 ± 6.8 0.344 ± 0.029 
S33 57 3696 4026 ± 134 13.2 ± 6.7 0.279 ± 0.068 
S41 245 3460 3847 ± 250 16.1 ± 10.3 0.305 ± 0.088 
S42 157 3505 3991 ± 217 4.9 ± 3.8 0.297 ± 0.036 
S43 93 3587 3973 ± 197 18.4 ± 10.4 0.260 ± 0.075 
S61 1317 3540 4166 ± 299 11.4 ± 8.9 0.206 ± 0.069 
S62 1115 3600 4510 ± 120 4.6 ± 3.1 0.191 ± 0.062 
S63 868 3657 4743 ± 248 12.4 ± 7.6 0.167 ± 0.049 
S71 53 3566 3929 ± 169 5.4 ± 5.2 0.293 ± 0.059 
S81 1029 3373 4046 ± 245 12.8 ± 9.0 0.218 ± 0.063 
S82 921 3504 4094 ± 206 13.1 ± 9.1 0.211 ± 0.062 
S83 697 3647 4139 ± 185 12.7 ± 9.1 0.189 ± 0.045 
S91 80 3590 4432 ± 145 16.3 ± 4.3 0.198 ± 0.068 
S101 98 3652 4051 ± 204 11.7 ± 8.1 0.199 ± 0.051 
SB 123 3659 4113 ± 219 15.5 ± 8.7 0.216 ± 0.052 
SC 80 3623 4046 ± 241 15.8 ± 9.8 0.253 ± 0.050 
SD 85 3568 4006 ± 180 13.1 ± 7.0 0.252 ± 0.056 
SE 273 3547 4015 ± 187 12.1 ± 7.2 0.240 ± 0.065 
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Table S4.2 Basic information for Qinghai Lake measured in this study (mean±SD). SD 
represents standard deviation 
Environmental Variable July September April 
pH 9.01 ± 0.045 9.01 ± 0.060 9.04 ± 0.036 
DO (mg/L) 6.85 ± 0.447 6.89 ± 0.513 7.37 ± 0.380 
Temperature (℃) 13.40 ± 0.265 8.43 ± 0.208 1.63 ± 0.416 
Conductivity (mS/cm) 15.26 ± 0.344 14.83 ± 0.513 14.8 ± 0.300 
TN (mg/L) 0.952 ± 0.087 0.848 ± 0.016 0.535 ± 0.052 
NO3--N (mg/L) 0.267 ± 0.014 0.082 ± 0.004 0.168 ± 0.016 
NH4+-N (mg/L) 0.119 ± 0.008 0.096 ± 0.008 0.142 ± 0.010 
TP (mg/L) 0.014 ± 0.001 0.016 ± 0.002 0.020 ± 0.002 
SRP (mg/L) 0.003 ± 0.001 0.003 ± 0.000 0.004 ± 0.000 
DOC (mg/L) 18.96 ± 10.95 12.75 ± 2.966 52.06 ± 0.043 




Table S4.3 Model comparisons for the regression analyses of NDVI (y) versus nutrient 
concentrations in streamwater (x). P-value corrections (Benjamini-Hochberg method) were 
conducted. P-values <0.10 are shown in bold 
Nutrient Model 
April  July  September 
R2 P AIC  R2 P AIC  R2 P AIC 
TN y=ax + b 0.207 0.038 -39.9  0.143 0.082 -50.7  0.252 0.034 -45.8 
TN y=ax-1 + b 0.170 0.063 44.5  0.109 0.134 38.9  0.213 0.031 44.0 
NO3--N y=ax + b 0.199 0.043 -47.5  0.155 0.070 -46.9  0.118 0.118 -42.2 
NO3--N y=ax-1 + b 0.149 0.084 37.3  0.118 0.118 42.7  0.094 0.164 47.1 
NH4+-N  y=ax + b 0.029 0.462 -167  0.341 0.009 -163  0.273 0.013 -113 
NH4+-N  y=ax-1 + b 0.012 0.639 -83.9  0.263 0.015 -71.9  0.263 0.015 -23.7 
TP y=ax + b 0.014 0.608 -170  0.098 0.156 -232  0.122 0.112 -229 
TP y=ax-1 + b 0.012 0.643 -86.5  0.088 0.181 -143  0.199 0.038 -142 
SRP y=ax + b 0.051 0.323 -244  0.008 0.700 -335  0.251 0.018 -306 
SRP y=ax-1 + b 0.030 0.453 -160  0.003 0.803 -246  0.266 0.014 -218 
TN:TP y=ax + b 0.009 0.676 175  0.011 0.642 196  0.384 0.002 144 
TN:TP y=ax-1 + b 0.009 0.683 259  0.008 0.692 285  0.382 0.002 233 
DIN:SRP y=ax + b 0.024 0.501 241  0.134 0.093 266  0.447 0.001 179 




Table S4.4 Results of ANOVA assessing whether the relative responses of stream 
periphyton for each nutrient treatment (RR-X) differs between different seasons. Post hoc 
pairwise comparisons and P-value corrections (Benjamini-Hochberg method) were 
conducted. P-values <0.10 are shown in bold. 
Parameter Factor F-value P-value 
RR-N July vs. September 1.229 0.488 
 July vs. April 0.021 0.886 
 September vs. April 0.878 0.528 
RR-P July vs. September 20.270 < 0.001 
 July vs. April 23.340 < 0.001 
 September vs. April 0.128 0.811 
RR-NP July vs. September 23.220 < 0.001 
 July vs. April 23.750 < 0.001 




Table S4.5 Results of ANOVA comparing the effects of different nutrient enrichment (+N, 
+P, +NP) on stream periphyton. Post hoc pairwise comparisons and P-value corrections 
(Benjamini-Hochberg method) were conducted. P-values <0.10 are shown in bold. 
Time Period Factor F-value P-value 
July RR-N vs. RR-P 22.010 < 0.001 
 RR-N vs. RR-NP 34.340 < 0.001 
 RR-P vs. RR-NP 2.145 0.189 
September RR-N vs. RR-P 1.196 0.313 
 RR-N vs. RR-NP 7.072 0.017 
 RR-P vs. RR-NP 2.809 0.147 
April RR-N vs. RR-P 0.031 0.860 
 RR-N vs. RR-NP 7.909 0.014 




Table S4.6 Model comparisons for the regression analyses of relative responses of stream periphyton to nutrient enrichment (RR-N, 
RR-P, and RR-NP) and the relative responses of lake phytoplankton to streamwater (RR-SW) versus streamwater nutrients. P-value 
corrections (Benjamini-Hochberg method) were conducted. P-values <0.10 are shown in bold.  
Nutrient Model 
RR-N  RR-P  RR-NP  RR-SW 
R2 P AIC  R2 P AIC  R2 P AIC  R2 P AIC 
TN y=ax + b 0.035 0.363 78.5  0.004 0.755 138  0.003 0.777 149  0.091 0.144 116 
TN y=ax-1 + b 0.011 0.618 62.1  0.006 0.713 121  0.000 0.959 132  0.109 0.107 95.6 
NO3--N y=ax + b 0.004 0.755 78.8  0.000 0.993 138  0.004 0.760 148  0.203 0.024 112 
NO3--N y=ax-1 + b 0.000 0.988 62.4  0.067 0.200 120  0.023 0.462 131  0.131 0.075 95.0 
NH4+-N  y=ax + b 0.045 0.301 28.5  0.013 0.585 88.4  0.045 0.298 98.1  0.291 0.005 59.2 
NH4+-N  y=ax-1 + b 0.106 0.105 59.5  0.036 0.351 120  0.041 0.323 131  0.081 0.169 96.4 
TP y=ax + b 0.083 0.153 -89.4  0.059 0.230 -29.7  0.002 0.830 -17.5  0.081 0.169 -48.0 
TP y=ax-1 + b 0.088 0.141 56.0  0.127 0.074 118  0.010 0.620 132  0.205 0.023 92.8 
SRP y=ax + b 0.008 0.669 -159  0.087 0.143 -102  0.145 0.055 -93.3  0.302 0.004 -124 
SRP y=ax-1 + b 0.000 0.975 62.4  0.165 0.039 117  0.319 0.009 122  0.240 0.020 91.7 
TN:TP y=ax + b 0.076 0.172 372  0.180 0.031 428  0.029 0.402 443  0.400 0.002 375 
TN:TP y=ax-1 + b 0.136 0.064 58.6  0.062 0.221 120  0.000 0.945 132  0.186 0.031 93.4 
DIN:SRP y=ax + b 0.002 0.827 457  0.202 0.021 510  0.256 0.012 519  0.378 0.003 459 




Table S4.7 Results of ANOVA comparing the effects of different nutrient enrichment (+N, 
+P, +NP) on lake phytoplankton. Post hoc pairwise comparisons and P-value corrections 
(Benjamini-Hochberg method) were conducted. P-values <0.10 are shown in bold. 
Time Period Factor F-value P-value 
July RR-N vs. RR-P 29.39 < 0.001 
 RR-N vs. RR-NP 222.7 < 0.001 
 RR-P vs. RR-NP 0.026 0.243 
September RR-N vs. RR-P 219.2 0.352 
 RR-N vs. RR-NP 4557 0.031 
 RR-P vs. RR-NP 0.077 0.221 
April RR-N vs. RR-P 31506 0.860 
 RR-N vs. RR-NP 2174 0.031 




Chapter 5 Grassland degradation shifts bacterial communities in soil on 
the Qinghai-Tibet Plateau 
Abstract 
Grasslands are among the largest terrestrial biomes in the world and are experiencing 
severe degradation, impacting both aboveground vegetation and soil properties. However, 
the influences of grassland degradation on bacterial communities in soil are not well-
understood. In this study, we used high throughput 16S rRNA gene sequencing to 
characterize soil bacterial communities in a degrading grassland on the Qinghai-Tibet 
Plateau. The normalized difference vegetation index (NDVI) was calculated to represent 
grassland status and indicate grassland degradation (decreasing NDVI). Soil 
physicochemical properties were also analyzed. The results showed that bacterial alpha 
diversity had negative relationships with soil moisture, soil organic carbon (SOC), total 
nitrogen (TN), and total phosphorus (TP). Bacterial community structure was significantly 
associated with NDVI, the change rate of NDVI, moisture, pH, SOC, TN, as well as soil 
C:N and C:P ratios as different bacterial phyla had different relationships with these 
environmental variables. For example, Proteobacteria were positively correlated with soil 
moisture, SOC, TN, and soil C:N and N:P ratios while Chloroflexi were negatively 
correlated with those variables. Overall, these results identify grassland degradation as a 
driving force to shift soil bacterial communities.  
Keywords NDVI, 16S rRNA, soil property, moisture, Qinghai Lake, grassland 
Introduction 
In terrestrial ecosystems, the soil microbial community is a major component of 
biodiversity and plays crucial roles in various ecosystem functions and processes (Trevors, 
1998; Kirk et al., 2004; Lozupone and Knight, 2007; Philippot et al., 2013). For example, 
soil microorganisms drive biogeochemical cycles of carbon and nutrients, contributing to 
plant growth and maintaining soil structure (Smith and Goodman, 1999; Yao et al., 2000; 
O'Donnell et al., 2001; Young and Crawford, 2004). Given the wide distribution and 
pivotal roles of microbes, the influences of external disturbances on soil microbial 
 
116 
communities have long been interests of ecological studies (Yao et al., 2000; Zhou et al., 
2016; Pérez Castro et al., 2019; Weiser et al., 2019). 
Soil bacterial communities are regulated by various abiotic and biotic factors (Zhou et al., 
2002; Fierer and Jackson, 2006; Fierer et al., 2007a), such as soil pH, moisture, soil organic 
carbon, and soil nutrient availabilities (Rousk et al., 2010; Fierer et al., 2012a; Delgado-
Baquerizo et al., 2017; Ochoa-Hueso et al., 2018). For example, bacterial diversity and 
richness are highest in soil with neutral pH and are usually positively correlated with soil 
moisture and resource availability (Fierer and Jackson, 2006; Barnard et al., 2015; Zhang 
et al., 2016; Delgado-Baquerizo et al., 2018). For different taxa groups, evolutionary 
histories and trophic strategies may lead to differential responses to environmental 
variation (Fierer et al., 2007b; Delgado-Baquerizo et al., 2017; Aanderud et al., 2018). For 
example, old taxa (such as Chloroflexi) evolved on a young Earth and include oligotrophic 
taxa (such as Bacillus) that may prefer soils with low organic carbon and nutrient contents, 
while younger phyla and copiotrophic taxa (such as some members of Proteobacteria) may 
be superior competitors in soils with high organic matter content (Battistuzzi and Hedges, 
2009; Fierer et al., 2012a; Delgado-Baquerizo et al., 2017). Moreover, plant species and 
biomass have strong effects on soil bacterial communities (Stephan et al., 2000; Berg and 
Smalla, 2009). A well-studied example is that rhizobia form symbioses with legumes. In 
turn, the interactions and feedbacks between plant and soil bacteria determine ecosystem 
functioning and processing in both aboveground and belowground components of 
terrestrial ecosystems (Clarholm, 1985; Wardle et al., 2004; Glick, 2010; Wagg et al., 
2014). Thus, changes in landcover that significantly affect the structure, function, and 
elemental balances of terrestrial ecosystems also potentially shift microbial diversities, 
activities, and community composition (Anderson et al., 2011; Li et al., 2014; Ng et al., 
2014; Tischer et al., 2014).  
Grasslands are among the largest terrestrial biomes in the world (Suttie et al., 2005) but are 
facing widespread degradation (Gang et al., 2014). Defined as a process of retrogressive 
ecosystem succession, grassland degradation is largely driven by climate change and 
anthropogenic activities such as overgrazing (Daily, 1995; Gang et al., 2014). The declines 
of aboveground vegetation species richness, coverage, and biomass are conspicuous 
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consequences of grassland degradation (Bai et al., 2004; Deng et al., 2014). Meanwhile, 
grassland degradation impacts soil physical (e.g. soil moisture and texture), chemical (e.g. 
soil pH, organic carbon, and nutrients), and biological (e.g. microbial community and 
activity) properties (Abril and Bucher, 1999; Viragh et al., 2011; Li et al., 2012; Dlamini 
et al., 2014). For example, soil moisture, organic matter, and nitrogen significantly 
decrease with grassland degradation (Wu and Tiessen, 2002; Steffens et al., 2008). Such 
impacts are likely associated with major changes in soil bacterial communities. However, 
despite the well-known ecological influences of grassland degradation on vegetation, the 
patterns and driving forces of soil bacterial communities in degrading grassland ecosystems 
are not well-characterized.  
Grassland is the dominant landcover on the Qinghai-Tibet Plateau (QTP), covering more 
than 60% of the plateau (Li and Zhou, 1998). Known as the “Third Pole” of the Earth, the 
QTP grassland ecosystem is extremely sensitive and vulnerable to human activities and 
climate change (Piao et al., 2006; Wang et al., 2016), and is experiencing serious 
degradation in recent decades (Harris, 2010). However, external pressures on QTP 
grassland ecosystems continue to increase, influencing above-ground and below-ground 
components (Dong et al., 2015; Zhang et al., 2016; Ma et al., 2018). Understanding how 
grassland degradation impacts soil bacterial communities is essential for predicting 
responses of soil ecosystems under global change and anthropogenic activities.  
In this study, we aim to address the following question: how do soil bacterial communities 
respond to grassland degradation? According to mechanisms described above, we 
hypothesized that shifts in bacterial community structure are driven by grassland 
degradation via alterations in soil physicochemical properties that are associated with 
ongoing degradation that also lead to decreases in bacterial alpha diversity and differential 
responses of different groups of bacteria. To test this hypothesis, we examined the soil 
bacterial communities in a grassland watershed on the Qinghai-Tibet Plateau across a 
gradient of grassland degradation. We assessed the bacterial communities using high-
throughput 16S rRNA gene sequencing. If the hypothesis is correct, we predict that (1) 
bacterial alpha diversity will decrease and community structure will shift with increased 
grassland degradation and concomitant changes in soil properties, (2) different taxonomic 
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groups will respond differently to environmental variations according to their evolutionary 
history and trophic strategy. 
Methods 
Study area 
This study was conducted in the Qinghai Lake watershed (Figure 5.1). Qinghai Lake 
(36°32′ - 37°15′ N, 99°36′ - 100°47′ E), the largest lake in China, is a remote endorheic 
saline lake located at 3194 m above sea level on the Qinghai-Tibet Plateau. The area of 
Qinghai Lake watershed is 29,660 km2 and grassland is the main landcover type, 
accounting for 75% area of the watershed. The watershed receives mean annual 
precipitation of 363 mm and experiences an average annual evaporation 4 times greater 
than precipitation (Yi et al., 2010). The annual mean temperature is -0.7℃ (Yi et al., 2010) 
with a linear warming rate of 0.28℃ per decade (Chen et al., 2011). The Qinghai Lake 
region contains a variety of terrestrial and aquatic ecosystems that are sensitive to global 
climate change and other anthropogenic impacts (An et al., 2006; Hao, 2008; Li et al., 
2009). Indeed, its grassland is seriously deteriorating due to overgrazing and climate 
change (Li et al., 2007, 2009; Chen et al., 2011; Luo et al., 2013), with around half of the 




Figure 5.1 (a) The location of study area, Qinghai Lake watershed. (b) The distribution of 
normalized difference vegetation index (NDVI) across Qinghai Lake watershed. (c) The 
location of sample sites (n=19). This map is from Ren et al. (in preparation, Chapter 2) 
Field sampling and sample analyses 
Soil samples were collected from 19 soil sites (Figure 5.1) during July 2017, the peak 
growing season of the grassland there. At each sample site, three plots (1m×1m) with 15-
m intervals were established. In each plot, five representative points (four vertices and one 
center) of the topsoil (0-10 cm in depth) were sampled using a drill (10 cm in diameter). 
After each sampling, the drill was cleaned with sterile water and then air dried. Samples 
for each plot were pooled into one composite sample and passed through a 2-mm sieve. 
Subsamples were stored at 4℃ for the measurement of soil biogeochemical properties and 
in liquid nitrogen for soil DNA extraction.  
Soil pH was measured in 1:2.5 soil to distilled water ratio using a pH meter. Soil moisture 
was determined gravimetrically with 10 g fresh soil into aluminum dishes that was oven-
dried at 105±1℃ for 48 h. Soil organic carbon (SOC) was measured via oxidation with 
potassium dichromate (HJ615-2011). Soil total nitrogen content (TN) was measured via 
the modified Kjeldahl Method (HJ717-2014). Soil total phosphorus (TP) was measured 
using the spectrophotometric ammonium molybdate-ascorbic acid method. C, N, and P in 
microbial biomass were determined by the fumigation extraction method (Brookes et al., 
1985; Vance et al., 1987). 
Normalized difference vegetation index and grassland degradation 
The normalized difference vegetation index (NDVI) was calculated based on the 
reflectance of near-infrared light (NIR) and red light (RED): NDVI=(NIR-
RED)/(NIR+RED) (Rouse et al., 1973). Landsat-8 images acquired in July 2017 and July 
2009 were downloaded (https://earthexplorer.usgs.gov/) and processed in ArcGIS 14.0 for 
NDVI calculation. For each sample site, the average NDVI in a 300-m radius buffer with 
the sample site as the center was calculated. NDVI values of 2017 (indicated as NDVI in 
the following analyses) were visualized on the map (Figure 5.1) to represent contemporary 
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grassland status of our sampling year. NDVI values of 2009 were calculated to represent 
historical grassland status (indicated as NDVI.h in the following analyses). The average 
annual change of NDVI from 2009 to 2017 was calculated as the rate of change of NDVI 
(indicated as NDVI.r in the following analyses). In our study area, there is large spatial 
variation in NDVI (Figure 5.1) as well as other vegetation variables, including 
aboveground biomass, fractional vegetation coverage, and vegetation species richness 
(Ren et al., 2019). However, these vegetation indices did not show clear patterns with 
changing altitude (Ren et al., 2019). Moreover, as shown in Chapter 1, the relationship 
between NDVI difference and geographic distance of paired sample sites was statistically 
significant (P=0.002) but relatively weak (R2=0.039), suggesting that spatial non-
independence should not contribute strongly to our space-for-time approach. NDVI 
generally exhibits intimate relationships with above-ground vegetation variables (Carlson 
and Ripley, 1997; Eastwood et al., 1997) and is commonly used to indicate vegetation 
status and grassland degradation (Thiam, 2003; Akiyama and Kawamura, 2007; Li et al., 
2013; Hilker et al., 2014). As an alternative approach in ecological studies of long-term 
phenomena, “space-for-time” substitution has been widely and successfully used in 
systems experiencing sustained disturbance (Pickett, 1989).Thus, the spatial variation of 
grassland status permits us to use “space-for-time” substitution (Pickett, 1989; Blois et al., 
2013) to study the impacts of grassland degradation based on the spatial pattern of 
contemporary grassland status indicated by NDVI (Ren et al., 2019). 
DNA extraction, PCR, and sequencing 
DNA was extracted from soil samples (0.5 g frozen soil per sample) using the TIANGEN-
DP336 soil DNA Kit (TIANGEN-Biotech, Beijing, China) following manufacturer 
protocols. The V3-V4 regions of the 16S rRNA gene were amplified using forward primers 
containing the sequence 5’-CCTACGGRRBGCASCAGKVRVGAAT-3’ and reverse 
primers containing the sequence 5’-GGACTACNVGGGTWTCTAATCC-3’. PCR was 
performed with a thermal cycler (ABI GeneAmp® 9700, USA) using the following 
program: initial denaturation at 94 °C for 3 min, 24 cycles of denaturation at 94 °C for 30 
s followed by annealing at 57 °C for 90 s and extension at 72 °C for 10 s, and final extension 
step at 72 °C for 10 min. Amplified DNA was verified by electrophoresis of PCR mixtures 
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in 1.0% agarose in 1X TAE buffer and purified using the Gel Extraction Kit (Qiagen, 
Hilden, Germany). DNA libraries were validated by Agilent 2100 Bioanalyzer (Agilent 
Technologies, Palo Alto, CA, USA), and quantified by Qubit 3.0 Fluorometer (Invitrogen, 
Carlsbad, CA, USA). DNA libraries were multiplexed and loaded on an Illumina MiSeq 
instrument (Illumina, San Diego, CA, USA) according to manufacturer’s instructions. 
Sequence analysis 
Raw sequence data were processed using the software package QIIME 1.9.1 (Caporaso et 
al., 2010). The forward and reverse reads were merged and then the sequences were 
assigned to samples based on the barcode and truncated by cutting off the barcode and 
primer sequence. Quality filtering on merged sequences were performed and sequences 
which did not meet the criteria were discarded. This involved sequences shorter than 200 
bp, containing ambiguous bases, and exhibiting a mean quality score below 20. Then the 
chimeric sequences were detected and removed by comparing with the reference database 
(RDP Gold database) using UCHIME algorithm (Edgar et al., 2011). The effective 
sequences were grouped into operational taxonomic units (OTUs) against the SILVA132 
database (Quast et al., 2013) at 99% sequence identity level. The singletons, chloroplast 
sequences, and unclassified OTUs were removed using the filter_otus_from_otu_table.py 
script. The single_rarefaction.py script was used to randomly select subset of 29,814 
sequence per sample to normalize surveying effort at the same level (Figure S5.1). Alpha 
diversity indices (Chao 1, observed OTUs, Shannon, and PD whole tree) were calculated 
by using the alpha_diversity.py script. The raw sequence data was deposited in the database 
of National Center for Biotechnology Information (PRJNA526110). 
Statistical analysis 
In order to test the grassland degradation hypothesis, Pearson correlation analyses were 
conducted using R package stats v3.6.1 (R Core Team, 2017) to assess the relationships 
between environmental variables versus bacterial alpha diversity and relative abundances 
of the dominant phyla. P-values of the correlations were adjusted using FDR adjustment 
(Benjamini and Hochberg, 1995). Non-metric multidimensional scaling (NMDS) with 
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contour lines was conducted using R package vegan 2.5-5 (Oksanen et al., 2007) to assess 
bacterial distributions along the NDVI gradient. NMDS is used to collapse information 
from high dimension into low dimension, making complex multivariate data easier to be 
visualized and interpreted. Distance-based redundancy analysis (dbRDA), a constrained 
ordination method using non-Euclidean distance measures, was conducted using R 
package vegan 2.5-5 (Oksanen et al., 2007) to assess the relationships between 
environmental variables and soil bacterial community structure. All the analyses were 
carried out in R 3.4.1 (R Core Team, 2017). 
Results 
Dynamics of alpha diversity 
In total, 12550 OTUs were detected in soil bacterial communities at a 99% nucleotide 
sequence identity threshold after quality filtering. On average, the number of observed 
OTUs was 5871±619, the richness estimated by Chao1 was 8196±790, Shannon diversity 
was 11.06±0.34, and the phylogenetic diversity was 316±24. Correlation analysis showed 
that these alpha diversity indices had significantly negative relationships with soil moisture, 
SOC, and TP (P<0.05, Table 5.1). Shannon diversity and phylogenetic diversity also had 
significantly negative relationships with TN (P<0.05, Table 5.1). Alpha diversity was not 
associated with NDVI, historical NDVI, the change rate of NDVI, altitude, and pH (Table 
5.1). Moreover, bacterial alpha diversity was negatively (P<0.1) correlated with soil C:P 
and microbial biomass C:N, but was positively (P<0.05) correlated with microbial biomass 
N:P (Table S5.1). Thus, our hypothesis that grassland degradation decreases bacterial alpha 
diversity was not supported. 
Table 5.1 Relationships between alpha diversity indices and environmental variables. P-
values are adjusted using FDR adjustment. * represents P<0.05. ** represents P<0.01. 
Alpha Diversity NDVI NDVI.h NDVI.r Altitude Moisture pH SOC TN TP 
Observed OTUs -0.021 -0.047 -0.089 -0.080 -0.585** -0.035 -0.471* -0.445 -0.468* 
Chao1 -0.050 -0.104 -0.194 0.025 -0.618** 0.011 -0.497* -0.472 -0.486* 
Shannon -0.086 -0.158 -0.272 0.035 -0.691** 0.039 -0.581* -0.553* -0.609* 
PD Whole Tree -0.099 -0.138 -0.191 0.061 -0.626** 0.122 -0.564* -0.554* -0.515* 
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Bacterial community shifts 
In soil bacterial communities, the dominant phyla (relative abundance >1%) were (in order 
of prevalence): Acidobacteria, Proteobacteria, Actinobacteria, Chloroflexi, 
Gemmatimonadetes, Bacteroidetes, and Rokubacteria (Figure 5.2). Correlation analyses 
showed that the relative abundance of the bacterial phyla responded differently to 
environmental variables (Table 5.2). For example, Alphaproteobacteria were positively but 
Chloroflexi negatively correlated with NDVI, soil moisture, SOC, and TN (Table 5.2). 
Similarly, Alphaproteobacteria were positively but Gammaproteobacteria negatively 
correlated with historical NDVI and the rate of change in NDVI (Table 5.2). 
Gemmatimonadetes and Bacteroidetes positively correlated with soil pH (Table 5.2). 
Actinobacteria negatively while Rokubacteria positively correlated with soil moisture 
(Table 5.2). Moreover, Bacteroidetes and Chloroflexi were negatively correlated with soil 
C:P and N:P while Alphaproteobacteria and Rokubacteria had a positive correlation (Table 
S5.2). These results indicate that grassland degradation and resulting changes of soil 
properties imposed different influences on different groups of soil bacteria. Thus, our 
hypothesis that different groups of soil bacteria respond differently to grassland 
degradation was supported.  
NMDS showed that soil bacterial communities generally distributed along NDVI gradients 
across the study area (Figure 5.3a). To gain more insight into factors behind these 
distributions, dbRDA was performed to evaluate relationships between environmental 
variables and bacterial community distributions (Figure 5.3b). NDVI, NDVI.h, NDVI.r, 
soil moisture, pH, SOC, and TN had significant relationships (P <0.05) with the distribution 
of soil bacterial communities. This indicates that our hypothesis that grassland degradation 




Figure 5.2 Community composition of soil bacteria at the phylum level. Only the phyla 
with a relative abundance >1% are shown. “All” represents the whole dataset including all 
samples.  
Table 5.2 Correlation relationships between environmental factors and the relative 
abundance of the dominant phyla. The numbers represent Pearson’s correlation 
coefficients. P-values are adjusted using FDR adjustment. * represents P<0.05. ** 
represents P<0.01. 
 NDVI NDVI.h NDVI.r Altitude Moisture pH SOC TN TP 
Alphaproteobacteria 0.584* 0.655* 0.628* -0.059 0.602* -0.436 0.615* 0.562* 0.364 
Deltaproteobacteria 0.402 0.399 0.359 -0.454 0.468 -0.325 0.405 0.450 0.252 
Gammaproteobacteria 0.643* 0.506 0.391 -0.297 0.688** -0.149 0.440 0.437 0.363 
Acidobacteria -0.274 -0.421 -0.453 0.031 -0.399 0.261 -0.369 -0.315 -0.198 
Actinobacteria -0.413 -0.166 -0.028 0.126 -0.587* -0.166 -0.326 -0.321 -0.477 
Bacteroidetes -0.411 -0.507 -0.507 0.293 -0.247 0.726** -0.444 -0.492 -0.134 
Chloroflexi -0.609* -0.500 -0.398 0.445 -0.669** 0.383 -0.566* -0.577* -0.365 
Gemmatimonadetes -0.491 -0.624* -0.630* 0.070 -0.305 0.593* -0.420 -0.405 -0.009 




Figure 5.3 (a) Non-metric multidimensional scaling (NMDS) ordination showing the 
distribution of bacterial communities along the gradient of normalized difference 
vegetation index (NDVI) based on Bray-Curtis distances. The contour lines of NDVI are 
shown. (b) Distance-based redundancy analyses (dbRDA) of the relationships between 
environmental variables and soil bacterial communities. Bacterial communities are shown 
in points. Environmental variables are shown in arrows and the significant ones (P<0.05 
by envfit function) are colored as blue. 
Discussion 
Influences of grassland degradation on bacterial communities 
Consistent with our grassland degradation hypothesis, bacterial community structure was 
significantly associated with NDVI and NDVI.r, as well as with associated soil variables 
such as moisture, pH, SOC, TN, as well as soil C:N and N:P ratios (Figure 5.3). Moreover, 
different bacterial phyla had different relationships with environmental variables (Table 
5.2 and Table S5.2). The results indicate that grassland degradation can substantially shift 
bacterial communities in soil. A variety of studies have shown that soil bacterial diversity 
and community composition can be regulated by various biotic and abiotic factors, such as 
altitude (Ren et al., 2018), temperature (Zhou et al., 2016; Yu et al., 2018), drought 
(Barnard et al., 2015; Ochoa-Hueso et al., 2018), pH (Fierer and Jackson, 2006), SOC 
(Curd et al., 2018; Tian et al., 2018), nutrients (Fierer et al., 2012a; Yuan et al., 2016), and 
aboveground vegetation (Högberg et al., 2007; Berg and Smalla, 2009). Bacterial 
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communities usually have multiple drivers and different taxonomic groups respond 
differently to environmental variations (Fierer and Jackson, 2006; Wang et al., 2015). 
Aboveground vegetation change is the most obvious consequence of grassland degradation, 
including decreased vegetation coverage, reduction of above and below ground biomass, 
and lower species richness. Such changes should affect microbes as soil bacterial 
communities have intimate interactions with plants (Schimel and Bennett, 2004; Berg and 
Smalla, 2009; Thoms et al., 2010; Eisenhauer et al., 2011). Changes in plant community 
properties could affect soil bacteria through many pathways, such shifts in root-derived 
resources, competition for resources, mycorrhizal activities, decomposable organic matter, 
and soil properties (Schimel and Bennett, 2004; Berg and Smalla, 2009; Thoms et al., 2010; 
Eisenhauer et al., 2011). NDVI is an integrative index to represent vegetation status and 
indicate land degradation (Thiam, 2003; Akiyama and Kawamura, 2007; Li et al., 2013; 
Hilker et al., 2014). The close relationships between NDVI and the rate of change of NDVI 
with bacterial community structure highlight the potential for vegetation-mediated 
influences (such as changes in the quality and quantity of leaf litter supplies) on bacterial 
communities. However, grassland degradation also increases soil pH (Ren et al., in 
preparation, Chapter 2; Viragh et al., 2011), which has been widely demonstrated as one 
of the most important factors driving soil bacterial communities (Fierer and Jackson, 2006; 
Huang et al., 2016).  
Moisture is also among one of the major drivers for soil microbial assemblages (Fierer and 
Jackson, 2006; Barnard et al., 2015; Wang et al., 2015; Ochoa-Hueso et al., 2018). It has 
been demonstrated that Actinobacteria and Chloroflexi phyla increase their relative 
abundance in more arid areas, while Proteobacteria and Rokubacteria decline with 
increasing drought (Pointing et al., 2009; Fierer et al., 2012b). This is because 
Actinobacteria and Chloroflexi resist desiccation and can outcompete other bacterial taxa 
under drought (Battistuzzi and Hedges, 2009; Maestre et al., 2015). Reduction of soil 
moisture is one of the consequence of grassland degradation (Ren et al., in preparation, 
Chapter 2; Barrow, 1991). In our study in the Qinghai Lake watershed, soil moisture was 
significantly associated with the structuring soil bacterial communities (Figure 5.3). 
Alphaproteobacteria, Betaproteobacteria, and Rokubacteria were positively correlated 
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while Actinobacteria and Chloroflexi were negatively correlated with soil moisture (Table 
5.2). These results suggest that one major mechanism by which grassland degradation 
affects soil bacterial communities is by reducing soil moisture. 
Different evolutionary histories and trophic strategies of bacterial taxa can also influence 
their distributions as a function of the availability of key soil resources, such as organic 
carbon and nutrient contents as well as their stoichiometry (Fierer et al., 2007b; Delgado-
Baquerizo et al., 2017; Aanderud et al., 2018). For example, some members of 
Proteobacteria and Bacteroidetes are considered copiotrophic (Fierer et al., 2007b, 2012a; 
Leff et al., 2015) and function as initial metabolizers of soil organic matter (Padmanabhan 
et al., 2003). Thus, they increase their relative abundance in soils with high C and N 
contents (Wang et al., 2015; Curd et al., 2018). Moreover, Proteobacteria is one of the 
comparatively young bacterial phyla and has likely evolved in well-developed soils and 
thus prefers high organic matter contents and high C:nutrient ratios (Battistuzzi and Hedges, 
2009; Delgado-Baquerizo et al., 2017). On the contrary, as one of the old bacterial phyla 
evolved in mineral soils on a young Earth, Chloroflexi appear to prefer soils with low 
organic matter content and low C:nutrient ratio, allowing them to outcompete other phyla 
in such environments (Battistuzzi and Hedges, 2009; Delgado-Baquerizo et al., 2017). 
Many studies have shown that SOC, N, as well as C:nutrient stoichiometry are strong 
drivers for microbial communities (Fierer et al., 2012a; Delgado-Baquerizo et al., 2017; 
Curd et al., 2018; Tian et al., 2018). Grassland degradation reduces organic carbon and 
nutrient pools in soil and leads to decreases of C:nutrient ratios (Ren et al., in preparation, 
Chapter 2; Wu and Tiessen, 2002; Viragh et al., 2011; Dlamini et al., 2014). In our study, 
SOC, TN, as well as soil C:N and N:P ratios were significantly associated with variation 
of bacterial community structure (Figure 5.3). Moreover, Alphaproteobacteria was 
positively correlated while Chloroflexi was negatively correlated with SOC, TN, and soil 
C:N and N:P (Table 5.2 and Table S5.2). These results suggest that grassland degradation 
also influences soil bacterial communities by changing soil resource availabilities and 
stoichiometric ratios.  
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Influence of grassland degradation on bacterial alpha diversity 
Soil moisture and resource availability are usually positively correlated with bacterial 
diversity (Fierer and Jackson, 2006; Barnard et al., 2015). It is interesting that, in our study, 
bacterial alpha diversity did not follow this pattern. Our results showed that soil moisture, 
SOC, TN, and TP had negative relationships with bacterial alpha diversity (Table 5.1). 
There are several possible explanations. First, in addition to shifting the composition and 
structure of bacterial communities per se, moisture and nutrients might also influence 
fungal communities. Reductions of SOC and C:nutrient ratios have been reported to reduce 
the abundances of fungi (Eiland et al., 2001; Rousk and Bååth, 2009) and appear to have 
stronger influences on fungi than on bacteria (Bardgett and Mcalister, 1999; de Vries et al., 
2012). In response to drought, fungi decrease in abundance and biomass (Barnard et al., 
2015; Ochoa-Hueso et al., 2018). Thus, a hypothetical reduction of fungal abundance 
would reduce their competition with bacteria, promoting bacterial alpha diversity. This 
explanation needs to be further verified by studying relative changes of bacterial and fungal 
communities in response to grassland degradation. One the other hand, soil bacteria living 
in dry areas have strong potential to be activated by even a small rainfall event (Collins et 
al., 2008; Barnard et al., 2015; Wang et al., 2015). Indeed, high species richness is usually 
fostered under intermediate disturbance (Connell, 1978; Hobbs and Huenneke, 1992). Thus, 
acting as a disturbance, precipitation is likely to enhance bacterial alpha diversity in dry 
areas.  
Implication of grassland degradation for ecosystem functions 
Soil bacterial communities play an essential role in mediating biogeochemical processes 
of C and N (Smith and Goodman, 1999; Young and Crawford, 2004; Fierer et al., 2012b), 
influencing soil fertility and promoting plant growth (Trevors, 1998; Kirk et al., 2004; 
Lozupone and Knight, 2007; Philippot et al., 2013). As degradation proceeds, grassland 
ecosystem functions are impaired (Daily, 1995), with decline of vegetation, increased 
erodibility of topsoil, as well as loss of soil moisture, organic matter, and nutrients (Viragh 
et al., 2011; Li et al., 2012; Dlamini et al., 2014). Through multiple statistical analysis 
methods, our study confirmed that grassland degradation is associated with shifts in soil 
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bacterial communities, likely via deterioration of vegetation status (indicated as NDVI) and 
soil properties (e.g. pH, moisture, and nutrients). It has been demonstrated that bacterial 
functions are strongly correlated with the taxonomic composition of the community 
(Gilbert et al., 2010; Bryant et al., 2012). Thus, grassland degradation could impair 
bacterial activities, such as mineralization and respiration (Abril and Bucher, 1999; Wu et 
al., 2014), influencing biogeochemical processes and vegetation status. For example, 
Actinobacteria are abundant in soils (32% in our study). They are heterotrophic or 
chemoautotrophic using a wide variety of organic resources (Zimmermann, 1990). Most 
Actinobacteria are soil saprophytes, playing crucial roles in nutrient cycling, and some 
genera are plant symbionts or pathogens (Barka et al., 2015). However, their growth is 
largely limited, and can even be halted, in soils with low moisture and nutrients (Barka et 
al., 2015), conditions that are favored by grassland degradation. Proteobacteria are 
considered a dominant bacterial clade in many environments and can control nitrogen 
availability by nitrogen fixation. Proteobacteria also play many other critical functional 
roles, such as organic compound degradation and oxidation of sulfur and iron. However, 
Proteobacteria are vulnerable to reductions of soil moisture and nutrients caused by 
grassland degradation, affecting ecological functions processed by Proteobacteria.  
As discussed above, climate change and various direct human activities have significantly 
affected grassland ecosystems across the world (Wiesmair et al., 2016). In particular, 
grassland ecosystems on the QTP appear to be extremely sensitive to external disturbances 
and thus have been experiencing serious degradation (Harris, 2010) that has impacted the 
structure of soil microbial communities. Further study of the impacts of these shifts on 
bacterial function would provide more insights into the mechanisms underlying the 
interactions among bacterial communities, soil nutrients, and above-ground vegetation. 
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Figure S5.1 Rarefaction curve of operational taxonomic units (OTUs) in each sample site 





Table S5.1 Correlation relationships between alpha diversity of soil bacterial communities and C:N:P stoichiometry of soil and soil 
microbial biomass. P-values are adjusted using FDR adjustment. 
Alpha diversity 
Soil  Soil Microbial Biomass 
C:N C:P N:P  C:N C:P N:P 
r p r p r p  r p r p r p 
Observed OTUs -0.066 0.949 -0.395 0.095 -0.362 0.128  -0.402 0.094 0.116 0.843 0.538 0.023 
Chao1 -0.018 0.949 -0.435 0.084 -0.403 0.116  -0.419 0.094 0.095 0.843 0.543 0.023 
Shannon -0.016 0.949 -0.479 0.076 -0.445 0.113  -0.471 0.094 0.049 0.843 0.517 0.024 
PD Whole Tree 0.079 0.949 -0.528 0.076 -0.516 0.095  -0.395 0.094 0.124 0.843 0.570 0.023 
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Table S5.2 Correlation relationships between bacterial phyla and C:N:P stoichiometry of soil and soil microbial biomass. P-values are 
adjusted using FDR adjustment. 
Phylum 
Soil  Soil Microbial Biomass 
C:N C:P N:P  C:N C:P N:P 
r p r p r p  r p r p r p 
Alphaproteobacter 0.331 0.796 0.531 0.040 0.467 0.081 
 
0.367 0.452 0.215 0.629 -0.021 0.948 
Deltaproteobacter -0.036 0.989 0.396 0.123 0.458 0.081 
 
0.194 0.712 0.275 0.629 0.091 0.888 
Gammaproteobacter 0.169 0.980 0.390 0.123 0.381 0.134 
 
0.197 0.712 -0.006 0.979 -0.223 0.888 
Acidobacteria -0.374 0.796 -0.329 0.187 -0.261 0.311 
 
-0.444 0.452 -0.541 0.169 -0.266 0.888 
Actinobacteria -0.080 0.989 -0.209 0.391 -0.198 0.415 
 
-0.132 0.830 0.281 0.629 0.461 0.472 
Bacteroidetes 0.284 0.796 -0.546 0.040 -0.608 0.039 
 
0.096 0.830 0.114 0.919 0.100 0.888 
Chloroflexi 0.036 0.989 -0.529 0.040 -0.546 0.039 
 
-0.355 0.452 -0.223 0.629 0.123 0.888 
Gemmatimonadetes -0.185 0.980 -0.451 0.088 -0.437 0.087 
 
0.079 0.830 0.077 0.944 -0.016 0.948 
Rokubacteria 0.022 0.989 0.588 0.040 0.580 0.039 
 
-0.047 0.849 -0.260 0.629 -0.330 0.839 
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Chapter 6 Bacterial communities in stream biofilms in a degrading 
grassland watershed on the Qinghai-Tibet Plateau 
Abstract 
Grassland is among the largest terrestrial biomes and is experiencing serious degradation, 
especially on the Qinghai-Tibet Plateau (China). However, the influences of grassland 
degradation on bacterial communities in stream biofilms are largely unknown. Using 16S 
rRNA gene sequencing, we investigated the bacterial communities in stream biofilms in 
sub-basins with different grassland status in the Qinghai Lake watershed. Grassland status 
in the sub-basins was quantified using the normalized difference vegetation index (NDVI). 
Proteobacteria, Bacteroidetes, Cyanobacteria, and Verrucomicrobia were the dominant 
bacterial phyla. 7050 OTUs were detected in total, within which 19 were abundant taxa 
and 6922 were rare taxa. Bacterial alpha diversity was positively correlated with carbon 
(C), nitrogen (N), and phosphorus (P) in biofilms per se. The variation of bacterial 
communities in stream biofilms was closely associated with the rate of change in NDVI, 
pH, conductivity, as well as C, N, P contents and C:N ratio of the biofilms. Abundant 
subcommunities were more influenced by environmental variables relative to the whole 
community and to rare subcommunities. These results suggest that the history of grassland 
degradation (indicated as the rate of change in NDVI) influences bacterial communities in 
stream biofilms. By documenting the properties of bacterial communities in stream 
biofilms in a degrading grassland watershed, our study adds to our knowledge of the 
potential influences of grassland degradation on aquatic ecosystems. 
Keywords 16S rRNA, stream biofilm, NDVI, grassland degradation, Qinghai Lake 
Introduction 
Landcover change, which has generally been considered a local environmental issue, is 
becoming a force of global importance with an outcome of degraded environmental 
conditions (Foley et al., 2005). Due to intimate connections between aquatic and terrestrial 
ecosystems (Williamson et al., 2008), aquatic environments are strongly influenced by 
changes in the surrounding landscape (Vannote et al., 1980; Figueiredo et al., 2010; Deegan 
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et al., 2011). As one of the largest terrestrial biomes in the world (Suttie et al., 2005), 
grasslands are facing widespread degradation (Gang et al., 2014), largely driven by 
anthropogenic activities (e.g. overgrazing) (Daily, 1995; Gang et al., 2014). Defined as a 
retrogressive ecosystem succession, grassland degradation disrupts aboveground 
vegetation (Bai et al., 2004; Deng et al., 2014) as well as soil physical, chemical, and 
biological properties (Abril and Bucher, 1999; Viragh et al., 2011; Li et al., 2012; Dlamini 
et al., 2014). These influences are likely transferred to adjacent aquatic ecosystems (Ren et 
al., 2019). Since grassland streams contribute approximately one-fifth of continental run-
off on the Earth (Dodds, 1997), it’s important to better understand the influences of 
grassland degradation on grassland streams. 
As the primary receiver of organic matter and nutrient inputs from terrestrial ecosystems 
and the main channel linking upland watersheds with downstream aquatic ecosystems such 
as lakes and estuaries (Vannote et al., 1980; Cronan, 2012), streams play a critical role in 
biogeochemical processes (Figueiredo et al., 2010; Deegan et al., 2011). Streams are 
strongly influenced by the landscapes through which they flow (Vannote et al., 1980; Allan, 
2004) and thus are particularly sensitive to terrestrial disturbance (Bring and Destouni, 
2009; Holmes et al., 2012). Landcover change can alter stream ecosystem properties 
through a variety of pathways (Burgos-Caraballo et al., 2014). Aquatic impacts of changing 
landcover can often be first observed via their effects on stream biofilms, which play an 
integral role in biogeochemical cycling in stream ecosystems through nutrient uptake, 
transfer of nutrients to higher trophic levels, and remineralization (Schiller et al., 2007). 
Stream biofilms support complex microbial communities, including bacteria, fungi, algae, 
and protists (Schiller et al., 2007; Battin et al., 2016) and are likely linked to watershed 
conditions because landcover controls the export of C, N, and P from terrestrial systems to 
streams (Abell et al., 2011; Erol and Randhir, 2013; Umbanhowar et al., 2015).  
Due to the key roles of microbes in biogeochemical processes, assessment of microbial 
diversity is key for understanding the influences of external disturbances and 
environmental changes on aquatic ecosystems (Hosen et al., 2017). Previous studies have 
shown that microbial diversity in streams is affected by catchment landcover (Burgos-
Caraballo et al., 2014). For example, by increasing streamwater nutrients, urbanization has 
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been shown to increase microbial diversity in stream biofilms (Burgos-Caraballo et al., 
2014) although other studies have shown decreased microbial diversity (Kohler et al., 2011) 
because of increased nutrient loading and other anthropogenic disturbances (Vitousek et 
al., 1997; Dodds and Welch, 2000). Furthermore, Ren et al. (2019) has shown that 
grassland degradation differentially impacts inputs of N and P to streams, making it 
difficult to predict how microbial diversity would respond to grassland degradation. 
Beyond impacts on microbial community structure, landcover also likely impacts 
microbial functions. Microbial processes in stream ecosystems are influenced by multiple 
environmental variables (Zeglin, 2015), such as nutrient availability (Levi et al., 2017; Qu 
et al., 2017), organic matter quantity and quality (Molinero and Burke, 2009; Mann et al., 
2014), and hydrological factors (Valett et al., 1997; Ren et al., 2017). In turn, these factors 
are determined by catchment landcover. Thus, it is reasonable to predict that microbial 
communities respond to landcover change due to the changes of these environmental 
variables. Previous studies have shown that microbial biomass and stoichiometry change 
significantly when landcover shifts from forest to agriculture or urban area (Walker and 
Pan, 2006; Smucker et al., 2013a; Teittinen et al., 2015; Qu et al., 2017). Our previous 
study has reported potential influence of grassland degradation on nutrient availabilities in 
streams water and nutrient limitation of stream biofilms (Ren et al., 2019). However, we 
still have very limited knowledge about the influences of grassland degradation on bacterial 
communities in these and similar streams that are affected by grassland deterioration. 
Indeed, grassland degradation is a pervasive threat. Approximately 90% of the grassland 
in China has already been degraded due to a combination of anthropogenic and natural 
factors (Harris, 2010). On the Qinghai-Tibet Plateau (QTP), grassland is the dominant 
landcover and has undergone serious degradation in recent decades (Dong et al., 2015; 
Zhang et al., 2016; Ma et al., 2018). In degraded grassland systems, large losses of nutrients 
can occur due to erosion, loss of vegetation cover, and changes of soil texture (Dong et al., 
2012; Su et al., 2015). Such impacts are likely associated with major changes in bacterial 
communities in adjacent streams. In this study, our aim was to document the structural 
properties of bacterial communities in stream biofilms and address the question: how do 
bacterial diversity and community respond to grassland degradation? According to 
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mechanisms and previous studies described above, we hypothesized that grassland 
degradation and associated changes in environmental variables decrease bacterial alpha 
diversity and shift the structure of bacterial communities in stream biofilms. To get a better 
understanding of bacterial community properties in stream biofilms and to test these 
hypotheses, we investigated the bacterial communities in stream biofilms in the Qinghai 
Lake watershed on the northeast edge of the QTP within sub-catchments that are 
experiencing different degrees of degradation. If the hypothesis is correct, we predict that 
bacterial alpha diversity will decrease and community structure will shift with increased 
grassland degradation in the sub-catchments due to the disruptions of stream 
physicochemical properties.  
Methods 
Sample collection and analyses  
The study area, the Qinghai Lake Watershed (36°15′ - 38°20′ N and 97°50′ - 101°20′ E), 
is located on the northeast edge of the QTP (Figure 6.1). Qinghai Lake Watershed is 
situated in a semiarid and cold climate zone with a high altitude from 3194 to 5174 m above 
the sea level. The mean annual temperature is -0.7℃ (Yi et al., 2010). The mean annual 
precipitation and evaporation are 363 mm and 1,300-2,000 mm, respectively (Yi et al., 
2010). As an endorheic saline lake, Qinghai Lake is the largest lake in China feeding by 
more than 40 tributaries, within which the Buha River is the largest (Figure 6.1). The 
watershed covers an area of 29,660 km2 of which 75% is covered by grassland. However, 
due to overgrazing, climate change, and other external disturbance, more than half of the 
grassland had been classified as degraded in 2010 (Luo et al., 2013).  
Samples were collected from 22 stream sites during July 2017 (Figure 6.1). At each sample 
site, pH and conductivity (Cond) were measured in situ using a YSI handheld meter (model 
80; YSI, Yellow Springs, Ohio). Altitude was measured using a GPS unit (Triton 500, 
Magellan, Santa Clara, California). At each stream sampling point, 6 to 9 submerged rocks 
were randomly chosen along the river cross section. The benthic biofilm in a 4.5-cm-
diameter area was removed from the upper surface of each rock by rigorously brushing 
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with a sterilized nylon brush. The slurry was rinsed using 500 mL sterile water. 
Approximately 10-mL of the mixed slurry was filtered onto a 0.2-μm polycarbonate 
membrane filter (Whatman, UK) that was immediately frozen in liquid nitrogen in the field. 
Twenty milliliters of mixed slurry were filtered onto pre-combusted glass fiber (GF/F) 
filters (six replicates) for later chemical analysis. 500-mL water samples were also 
collected for chemical analyses.  
Total nitrogen (TN) in the water samples was quantified by ion chromatography after 
persulfate oxidation (EPA 300.0). Total phosphorus (TP) was analyzed using the ascorbate 
acid colorimetric method after oxidation (EPA 365.3). DOC was analyzed on filtered 
(using pre-combusted GF/F filters) streamwater using a Shimadzu TOC Analyzer (TOC-
VCPH, Shimadzu Scientific Instruments, Columbia, Maryland). Biofilm carbon (BFC) and 
nitrogen (BFN) were analyzed using an elemental analyzer (LECO 628). Biofilm 
phosphorus (BFP) was analyzed as soluble reactive phosphorus (SRP) after digestion with 
potassium persulfate (EPA 365.3). 
 
Figure 6.1 Study area and sample sites. (a) Qinghai Lake is the largest lake in China and is 
located on the northeast edge of Qinghai-Tibet Plateau. (b) Buha river is the largest 
tributary of Qinghai Lake, which is an endorheic saline lake. (c) Water and benthic biofilm 
samples were collected at 22 sites.  
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Normalized difference vegetation index 
Grassland status of the Qinghai Lake watershed was assessed using the normalized 
difference vegetation index (NDVI) based on Landsat images downloaded from USGS 
(https://earthexplorer.usgs.gov/) (Figure 6.1). NDVI is the most commonly used vegetation 
index and is often used as a measure of landcover status to monitor land degradation 
(Thiam, 2003; Yengoh et al., 2014). NDVI is calculated based on the absorption of red 
light and the reflection of infrared radiation by vegetation (Rouse et al., 1973). NDVI is 
calculated as (NIR-RED)/(NIR+RED), where NIR is near infrared reflectance and RED is 
visible red reflectance. Bare areas of soil, rock, and sand are represented by very low NDVI 
values (0~0.1). Negative NDVI represents water bodies. It has been demonstrated that 
NDVI exhibits close relationships with above-ground vegetation biomass and coverage 
(Carlson and Ripley, 1997; Eastwood et al., 1997) and thus is commonly used to estimate 
regional vegetation coverage (Carlson and Ripley, 1997) and to indicate grassland 
degradation (Thiam, 2003; Akiyama and Kawamura, 2007; Li et al., 2013; Hilker et al., 
2014).  
In this study, Landsat satellite images acquired in July 2017 and July 2009 were used to 
calculate NDVI in ArcGIS 14.0. The average NDVI of the sub-basin above the sample 
sites were calculated. Contemporary grassland status was represented by NDVI value in 
2017 (shown as NDVI in the following analyses). Historical grassland status was 
represented by the NDVI value in 2009 (shown as NDVI.h in the following analyses). The 
average annual change of NDVI from 2009 to 2017 was calculated to indicate the change 
rate of NDVI in the recent past (shown as NDVI.r in the following analyses). In the Qinghai 
Lake watershed, NDVI had a large spatial variation that was closely associated with in situ 
measured vegetation status (e.g. aboveground biomass, grass species richness, and 
fractional vegetation coverage rate) but was not associated with altitude (Ren et al., 2019). 
Moreover, the relationship between NDVI difference and geographic distance of paired 
sample sites was statistically significant (P=0.002) but explained little variance (R2=0.039), 
indicating that potential spatial non-independence of the observations should not strongly 
complicate the space-for-time approach. Thus, using “space-for-time” substitution (Pickett, 
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1989; Blois et al., 2013), we could study the influences of grassland degradation on stream 
ecosystems according to spatial patterns of contemporary NDVI (Ren et al., 2019).  
DNA extraction, PCR, and sequencing 
DNA in stream biofilm samples was extracted using the TIANGEN-DP336 soil DNA Kit 
(TIANGEN-Biotech, Beijing, China) following the manufacturer’s recommendations. The 
forward primer (CCTACGGRRBGCASCAGKVRVGAAT) and reverse primer 
(GGACTACNVGGGTWTCTAATCC) were used to amplify the V3 and V4 regions of the 
16S rRNA genes. Samples were amplified using an initial denaturation of 3 min at 94 °C, 
followed by 24 cycles of 30 s denaturation at 94 °C, 90 s annealing at 57 °C, 10 s extension 
at 72 °C, and a final elongation for 10 min at 72 °C. PCR products were verified on a 2% 
agarose gel and quantified using a Qubit 3.0 Fluorometer (Life Technologies, Germany). 
DNA libraries were sent to GENEWIZ, Inc. (Suzhou, China) for sequencing on an Illumina 
MiSeq platform (Illumina, San Diego, CA, USA). 
Sequence analysis 
The resulting 16S rRNA raw sequences (available at NCBI, PRJNA526110) were 
processed and analyzed with QIIME 1.9.1 (Caporaso et al., 2010). The 
join_paired_ends.py script was used to join forward and reverse reads. The paired-end 
sequences were assigned to samples based on barcode, trimmed by removing barcode and 
primer sequences, and quality filtered using split_libraries.py script. Low quality 
sequences and the chimeric sequences were removed. Operational taxonomic units (OTUs) 
were clustered and assigned at 99% genetic similarity against the SILVA 132 database 
(Quast et al., 2013) using pick_open_reference_otus.py script. The 
filter_otus_from_otu_table.py script was used to remove the singletons, Archaea, and 
unknown OTUs (Kozich et al., 2013). To normalize surveying effort at the sample level, 
the single_rarefaction.py script was used with the depth of 25,884 sequence per sample 
(Figure S6.1). The alpha_diversity.py script was used to calculate alpha diversity indices, 




Abundant and rare taxa were defined based on their relative abundances (Pedrós-Alió, 2012; 
Logares et al., 2014). Following recent studies (Liu et al., 2015a; Xue et al., 2018), OTUs 
with a relative abundance ≥1% in all samples and OTUs with a relative abundance ≥1% in 
at least one sample and ≥0.01% in all samples were classified as abundant taxa (i.e. “AT” 
or “abundant subcommunity” hereafter). OTUs with a relative abundance <0.01% in all 
samples and OTUs with a relative abundance <0.01% in at least one sample and <1% in 
all samples were classified as rare taxa (RT) and constituted the “rare subcommunity”. 
OTUs with a relative abundance ≥0.01% and <1% were classified as moderate taxa (MT). 
OTUs with a relative abundance <0.01% and ≥1% in at least one sample were classified as 
Conditionally rare and abundant taxa (CRAT).  
The relationships between environmental variables and bacterial alpha diversity were 
assessed using Pearson correlation with the R stats v3.6.1 package (R Core Team, 2017). 
P-values were adjusted for false discovery using Benjamini and Hochberg (BH) methods 
(Benjamini and Hochberg, 1995). Bacterial community distributions along the NDVI 
gradient were visualized using non-metric multidimensional scaling (NMDS) with vegan 
2.5-5 package (Oksanen et al., 2007), which is a method to collapse information from high 
dimension into low dimension, making the data easier to visualize and interpret. The 
relationships between environmental variables and bacterial community structure were 
assessed using distance-based redundancy analysis (dbRDA) with vegan 2.5-5 package 
(Oksanen et al., 2007), which is a method to carry out constrained ordinations on data using 
non-Euclidean distance measures. Furthermore, variation partitioning analyses (VPA) 
were performed to dissect the relative contributions of three group factors to the variations 
of bacterial community structure. These three group factors were vegetation (NDVI, 
NDVI.h, and NDVI.r), nutrients (DOC, TN, TP, BFC, BFN, and BFP), and others 




Alpha diversity and community composition  
In total, 7050 OTUs were detected from 569,448 high-quality sequences at the 99% 
similarity level. Within the whole data set, 19 (0.3% of the total number) OTUs were 
classified as abundant (Table S6.1) while 6922 (98.2% of the total number) OTUs were 
rare, representing 16.2% and 61.6% of total sequences, respectively (Figure 6.2). Across 
all sample sites, the observed OTUs, Chao 1, Shannon diversity, and phylogenetic diversity 
(PD whole tree) were 3299±700, 4400±884, 9.41±0.77, and 166±27, respectively. 
Correlation analysis showed that the number of observed OTUs had significant positive 
relationships with BFC and BFP, Chao 1 had a significant positive relationship with BFP, 
and phylogenetic diversity had significant positive relationships with BFC, BFN, and BFP 
(Table 6.1). However, alpha diversity was not associated with NDVI, historical NDVI 
(NDVI.h), rate of change in NDVI (NDVI.r), altitude, any of the tested physicochemical 
variables of streamwater, nor the C:N:P ratios in streamwater and biofilms. Thus, our 
hypothesis that grassland degradation negatively affects bacterial alpha diversity of stream 
biofilms was not supported. 
In the stream biofilm bacterial communities, the dominant phyla (relative abundance >1%) 
were Proteobacteria (67.9%), followed by Bacteroidetes (20.1%) 
Cyanobacteria/Chloroplast (7.0%), and Verrucomicrobia (1.5%) (Figure 6.2). Abundant 
taxa were affiliated to Alphaproteobacteria (8.6%, n=11), Gammaproteobacteria (4.4%, 
n=5), Bacteroidetes (2.2%, n=2), and Cyanobacteria (1.0%, n=1) (Figure 6.2 and Table 
S6.1). The relative abundances of those bacterial phyla were not associated with 
environmental variables. As shown by the mean Bray-Curtis distance between all pairs of 
samples, abundant subcommunities had a significantly lower mean Bray-Curtis distance 
value while rare subcommunities had a significantly higher mean value than the overall 
community (Figure S6.2), suggesting lower variabilities for abundant subcommunities but 




Figure 6.2 Composition structure of bacterial communities in stream biofilms. Only the 
dominant phyla with relative abundance >1% are shown. “All” represents the whole 
communities. “AT”, “CRAT”, “MT”, and “RT” represent subcommunities of abundant 
taxa, conditionally rare and abundant taxa, moderate taxa, and rare taxa, respectively. 
Table 6.1 Correlation relationships between alpha diversity versus carbon, nitrogen, and 
phosphorus concentrations in stream biofilms. P-values are adjusted using Benjamini and 
Hochberg (BH) methods. Significant associations (P<0.05) are shown in bold.  
 Chao 1  Observed OTUs  Shannon  PD Whole Tree 
 r p  r p  r p  r p 
BFC 0.437 0.042  0.394 0.069  0.255 0.252  0.473 0.026 
BFN 0.387 0.075  0.347 0.114  0.227 0.310  0.440 0.040 
BFP 0.455 0.033  0.431 0.045  0.337 0.125  0.454 0.034 
Cyanobacteria and Chloroplast 
In the Cyanobacteria/Chloroplast group, the total number of OTUs was 512, within which, 
343 OTUs were affiliated to cyanobacteria and 169 OTUs were identified as chloroplast 
sequences (indicative of eukaryotic algae). Cyanobacteria had a much higher relative 
abundance than chloroplasts (mean relative abundance of 5.8% vs. 1.2%, Figure S6.3). The 
ratio of cyanobacteria to chloroplast sequences ranged from 0.37 to 74.8 (Figure S6.3). 
 
151 
There were no significant relationships of environmental variables with the relative 
abundances of cyanobacteria and chloroplast sequences nor with the ratio between them 
(except negative relationships between pH and the Cyanobacteria:Chloroplast ratio, Table 
S6.2). Nostocales, an order than includes N-fixers, was one of the dominant cyanobacterial 
groups in those streams (Figure S6.4). However, environmental variables were not 
significantly correlated with the relative abundance of any of the cyanobacterial orders 
(Table S6.3). 
Driving factors of spatial patterns of community structure 
Bacterial communities did not show clear patterns with NDVI across the sub-basins (Figure 
S6.5). However, distance-based redundancy analyses (dbRDA) showed that NDVI.r, pH, 
conductivity, as well as C, N, and P contents in stream biofilms had significant 
relationships (P < 0.05) with the distribution of bacterial communities (Figure 6.3). The 
first two axes represented 29.1%, 38.9%, and 29.1% of the variances in terms of all, 
abundant, and rare communities/subcommunities, respectively (Figure 6.3). Variation 
partitioning analyses (VPA) showed that the environmental variables explained 27.2%, 
37.8%, and 24.0% of the compositional variances of these bacterial communities, 
respectively (Figure 6.3). Thus, our hypothesis that grassland degradation and associated 




Figure 6.3 (a-c) Distance-based redundancy analyses (dbRDA) depicting the relationships 
between bacterial communities (points) and environmental variables (arrows). Points are 
colored by NDVI. Significant variables (P<0.05 by envfit function) are shown in blue. (d-
f) Variance partition analysis (VPA) determined the relative contributions of three group 
factors and the interactions between two or three of the factors. These three group factors 
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are vegetation (NDVI, NDVI.h, and NDVI.r), nutrients (DOC, TN, TP, BFC, BFN, and 
BFP), and others (conductivity, altitude, and pH). The relative variance proportions that 
the corresponding components could explain are shown in percentages. “All”, “AT”, and 
“RT” represent the whole communities and the subcommunities of abundant and rare 
OTUs, respectively. 
Discussion 
In the biofilm bacterial communities of the QTP streams we sampled, the dominant phyla 
were Proteobacteria, Bacteroidetes, Cyanobacteria, and Verrucomicrobia, which are 
typical in freshwater ecosystems (Tamames et al., 2010; Wilhelm et al., 2013). The relative 
abundances of these phyla were not associated with any of the tested environmental 
variables in our study. However, the variation of overall bacterial community composition 
was significantly associated with rate of change in NDVI, pH, conductivity, as well as C, 
N, P contents and C:N ratio in the biofilm biomass. Many studies have shown that the 
properties of stream biofilms are influenced by activities in upstream catchments (Fanta et 
al., 2010; O'Brien and Wehr, 2010; Kohler et al., 2011). In grassland watersheds, large 
proportions of organic carbon and nutrient stocks are concentrated in the top soil layers 
(Gill et al., 1999). External disturbances likely cause dramatic soil nutrient depletion and 
soil texture changes (Steffens et al., 2008; Ruiz-Sinoga and Romero Diaz, 2010; Dong et 
al., 2012; Dlamini et al., 2014). In degraded grassland ecosystems, increased soil erosion, 
loss of vegetation cover, and soil texture changes aggravate scour from surface flow, 
causing large losses of soil organic matter and nutrients to adjacent aquatic ecosystems 
(Dong et al., 2012; Su et al., 2015). This is of potential importance because terrestrial inputs 
are often the most important organic matter and nutrient sources, especially in small 
streams (Howarth and Fisher, 1976; Meyer et al., 1981; Saunders et al., 2006; Tank et al., 
2010). These inputs can be accumulated and stored in benthic biofilms, influencing 
bacterial diversity, activities, and community composition (Kamjunke et al., 2015; 
Aubeneau et al., 2016). Overall our results are consistent with a previous study showing 
that diversity and composition of microbial communities in stream biofilms are more 
controlled by site-specific conditions than factors at the watershed scale (Burgos-Caraballo 
et al., 2014). Moreover, grassland degradation increases pH and influences free ion 
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activities in soil (Viragh et al., 2011). These impacts could be transferred to adjacent stream 
ecosystems and affect streamwater chemical conditions and, ultimately, their biological 
communities (Figueiredo et al., 2010; Zeglin, 2015). Thus, our results suggest that the 
history of grassland degradation (indicated as the rate of change in NDVI) influences the 
bacterial communities in stream biofilms in this catchment, although the influence is not 
observed in relative abundances at the phylum level. These shifts in stream bacterial 
communities support a view of inland waters as sentinels and integrators of terrestrial 
processes due to their close connections via transport and storage of water, nutrients, and 
energy. 
In our 16S data, primers picked up some chloroplast reads, which accounted to 1.2% of the 
total reads on average. These reads were grouped into 169 OTUs. Eukaryotic algae are 
important components of stream biofilms and also change with shifts in landcover and 
other environmental factors (Busse et al., 2006; Niyogi et al., 2007; Smucker et al., 2013b). 
In our study, the relative abundance of chloroplasts varied across the study streams but 
only accounted for a very small proportion of the total number of OTUs. Furthermore, the 
relative abundance of chloroplasts as well as the ratio of Cyanobacteria:Chloroplast were 
not associated with measured environmental variables (except negative relationships 
between pH and the Cyanobacteria:Chloroplast ratio), suggesting that the distributions of 
eukaryotic algae and cyanobacteria did not respond to grassland status per se in the sub-
catchment nor any of the measured environmental variables. Previous studies have found 
that nutrients and temperature can also affect the relative abundance of cyanobacteria and 
chloroplast reads in 16S surveys. For example, chloroplasts contributed a higher proportion 
of sequence reads than cyanobacteria in environments with high nitrogen, high N:P, and 
low temperature (Peipoch et al., 2015; Zwirglmaier et al., 2015; Scherer et al., 2017; 
Varkey et al., 2018). However, in our studied streams, the ratio of 
Cyanobacteria:Chloroplast was not significantly associated with nutrient concentrations 
and nutrient ratios. However, as discussed above, grassland degradation increases soil pH 
(Viragh et al., 2011), which might increase streamwater pH and further shift 
Cyanobacteria:Chloroplast ratio. It has been found that cyanobacteria are strong 
competitors in comparison with eukaryotic algae at high pH and associated low CO2 
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because cyanobacteria have effective CO2-concentrating mechanisms to augment their 
intracellular CO2 level by taking up CO2 and bicarbonate (Caraco and Miller, 1998; Price 
et al., 2007; Burnap et al., 2015). However, eukaryotic algae can also exhibit effective CO2-
concentrating mechanisms to adapt to low CO2 level and increased pH (Moroney and 
Ynalvez, 2007; Meyer and Griffiths, 2013; Ji et al., 2017). In fact, cyanobacteria and 
eukaryotic algae are not only affected by a single environmental variable but by coupled 
physicochemical and hydrological factors (Hart et al., 1990; Dahm et al., 2003; Velasco et 
al., 2006; Bray et al., 2008).  
In our studied bacterial communities, more than 98% of the OTUs were rare taxa that 
accounted for 61.6% of total sequences, while only 0.3% OTUs were abundant, accounting 
for 16.2% of total sequences. Biological communities normally contain a small number of 
abundant taxa and many rare species (Magurran and Henderson, 2003). This is also true of 
microbial communities, for which most taxa are extremely rare (Logares et al., 2014). 
Abundant and rare microbial subcommunities may have intrinsic characteristics that result 
in different contributions to community dynamics and ecosystem functions (Logares et al., 
2014). Abundant taxa are the core taxa that contribute the most ecosystem functions, such 
as nutrient cycling, biomass production, and energy flow, and are maintained because of 
their high growth rate and close fit to particular habitats (Pedros-Alio, 2006). Drastic 
variations in abundant taxa could cause significant effects on ecosystem processes (Logares 
et al., 2014). In contrast, rare taxa may have low growth rates but encompass a broad 
diversity, explaining large amounts of microbial community dynamics and dissimilarities 
(Campbell et al., 2011; Pedrós-Alió, 2012). It has been proposed that rare taxa include 
ecologically redundant taxa that could maintain ecosystem functioning and contribute to 
community stability during environmental perturbations that impact dominant taxa (Caron 
and Countway, 2009; Pedrós-Alió, 2012). In our study, the rare subcommunities showed 
similar associations with environmental variables as the whole communities, while the 
abundant subcommunities were more affected by those environmental variables (Figure 
6.3). Thus, we infer that grassland degradation and associated environmental changes 
influence stream ecosystem functions via effects on both abundant and rare 
subcommunities but with more intense effects on abundant subcommunities.  
 
156 
Stream biofilms are very complex systems composed of various organisms, including 
bacteria, algae, fungi, protozoa, and other taxa (Battin et al., 2016). These organisms can 
have strong interactions involving both cooperation and competition (Fitter and Hillebrand, 
2009; Rendueles and Ghigo, 2015; Liu et al., 2015b) that are driven by a large number of 
environmental factors, including but not limited to nutrient availability (Tank and Dodds, 
2003; Myrstener et al., 2018), temperature (Boyero et al., 2011), light (Hillebrand et al., 
2004), hydrological factors (Valett et al., 1997; Ren et al., 2017), and land use (Burgos-
Caraballo et al., 2014; Qu et al., 2017). Even terrestrial bacteria can contribute to the 
complexity of bacterial communities in stream biofilms (Crump et al., 2012; Ruiz-
Gonzalez et al., 2015). Our data indicate that these interactions can be strongly affected by 
grassland degradation in the QTP by changing bacterial community composition.  
We acknowledge that there are limitations in our interpretation, which are based on limited 
spatiotemporal scales and a subset of potential environmental variables. More studies, 
including experimental manipulations, are needed. For example, more streams and longer-
term investigations will be helpful in alleviating stochastic influences. Inclusion of more 
environmental variables, such as hydrological, geological, and climatic factors, may also 
help explain community variations. Controlled experiments will help reveal the underlying 
mechanisms of community response to grassland degradation. However, we believe our 
study has added useful knowledge about how bacterial communities in stream biofilms 
respond to undergoing grassland degradation in a watershed. 
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Supplementary Information  
Figure S6.1 Rarefaction curves of bacterial communities in stream biofilms. Curves are 
colored by sample sites. 
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Figure S6.2 Box plot of pairwise Bray-Curtis distances of bacterial communities in stream 
biofilms. OTUs categories are defined by relative abundance. The top, middle, and bottom 
lines of the boxes represent the 25th, 50th, and 75th percentiles of the value. Different letters 
above each box indicate significant differences (ANOVA, P<0.05). “All” represents the 
whole communities. “AT”, “CRAT”, “MT”, and “RT” represent subcommunities of 





Figure S6.3 Relative abundances of cyanobacteria vs. chloroplast reads. The sample sites 




Figure S6.4 Relative abundances of major cyanobacterial orders. The sample sites from 





Figure S6.5 Non-metric multidimensional scaling (NMDS) ordination of bacterial 
communities in stream biofilms based on Bray-Curtis distances. The contour lines 
represent the value of NDVI. “All”, “AT”, and “RT” represent the whole communities and 










otu357022 0.36% D0_Bacteria; D1_Bacteroidetes; D2_Bacteroidia; D3_Chitinophagales; D4_Chitinophagaceae; D5_Ferruginibacter; D6_uncultured bacterium 
otu192389 1.83% D0_Bacteria; D1_Bacteroidetes; D2_Bacteroidia; D3_Cytophagales; D4_Spirosomaceae; D5_Arcicella; D6_uncultured bacterium 
otu8348 0.95% D0_Bacteria; D1_Cyanobacteria; D2_Oxyphotobacteria; D3_Nostocales; D4_Phormidiaceae; D5_Tychonema CCAP 1459-11B 
otu91364 0.63% D0_Bacteria; D1_Proteobacteria; D2_Alphaproteobacteria; D3_Caulobacterales; D4_Caulobacteraceae; D5_Brevundimonas 
otu235616 0.29% D0_Bacteria; D1_Proteobacteria; D2_Alphaproteobacteria; D3_Rhodobacterales; D4_Rhodobacteraceae; D5_Pseudorhodobacter 
otu72322 1.22% D0_Bacteria; D1_Proteobacteria; D2_Alphaproteobacteria; D3_Rhodobacterales; D4_Rhodobacteraceae; D5_Pseudorhodobacter; D6_uncultured bacterium 
otu54665 0.97% D0_Bacteria; D1_Proteobacteria; D2_Alphaproteobacteria; D3_Rhodobacterales; D4_Rhodobacteraceae; D5_Pseudorhodobacter; D6_uncultured bacterium 
otu76083 0.85% D0_Bacteria; D1_Proteobacteria; D2_Alphaproteobacteria; D3_Sphingomonadales; D4_Sphingomonadaceae; D5_Polymorphobacter 
otu85345 0.57% D0_Bacteria; D1_Proteobacteria; D2_Alphaproteobacteria; D3_Sphingomonadales; D4_Sphingomonadaceae; D5_Sphingomonas 
otu270397 0.35% D0_Bacteria; D1_Proteobacteria; D2_Alphaproteobacteria; D3_Sphingomonadales; D4_Sphingomonadaceae; D5_Sphingomonas; D6_uncultured bacterium 
otu354354 0.62% D0_Bacteria; D1_Proteobacteria; D2_Alphaproteobacteria; D3_Sphingomonadales; D4_Sphingomonadaceae; D5_Sphingorhabdus 
otu288327 1.82% D0_Bacteria; D1_Proteobacteria; D2_Alphaproteobacteria; D3_Sphingomonadales; D4_Sphingomonadaceae; D5_Sphingorhabdus; D6_uncultured bacterium 
otu93766 0.76% D0_Bacteria; D1_Proteobacteria; D2_Alphaproteobacteria; D3_Sphingomonadales; D4_Sphingomonadaceae; D5_Sphingorhabdus; D6_uncultured bacterium 
otu349146 0.55% D0_Bacteria; D1_Proteobacteria; D2_Alphaproteobacteria; D3_Sphingomonadales; D4_Sphingomonadaceae; D5_uncultured; D6_uncultured bacterium 
otu103015 1.01% D0_Bacteria; D1_Proteobacteria; D2_Gammaproteobacteria; D3_Betaproteobacteriales; D4_Burkholderiaceae; D5_Hydrogenophaga 
otu351024 0.71% D0_Bacteria; D1_Proteobacteria; D2_Gammaproteobacteria; D3_Betaproteobacteriales; D4_Burkholderiaceae; D5_Hydrogenophaga 
otu222488 0.59% D0_Bacteria; D1_Proteobacteria; D2_Gammaproteobacteria; D3_Betaproteobacteriales; D4_Burkholderiaceae; D5_Polaromonas 
otu136842 1.80% D0_Bacteria; D1_Proteobacteria; D2_Gammaproteobacteria; D3_Betaproteobacteriales; D4_Burkholderiaceae; D5_Polaromonas; D6_uncultured bacterium 
otu115425 0.30% D0_Bacteria; D1_Proteobacteria; D2_Gammaproteobacteria; D3_Betaproteobacteriales; D4_Burkholderiaceae; D5_Rhodoferax 
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Table S6.2 Correlation analyses of the relative abundance of cyanobacteria and chloroplast 
as well as the ratio between them versus environmental variables. P-values were corrected 
using FDR methods. Significant results are indicated by bold. 
 Cyanobacteria Chloroplast Cyanobacteria:Chloroplast Ratio 
NDVI 0.040 -0.303 0.237 
NDVI.h 0.070 -0.279 0.418 
NDVI.r 0.073 -0.168 0.448 
Altitude -0.212 0.021 0.029 
pH -0.432 0.156 -0.658 
Cond -0.155 0.204 -0.174 
DOC -0.119 -0.229 -0.007 
TN 0.022 0.125 -0.027 
TP -0.149 -0.056 -0.191 
BFC 0.353 -0.345 0.359 
BFN 0.383 -0.280 0.311 
BFP 0.402 -0.309 0.351 
DOC:TN -0.165 -0.128 -0.144 
DOC:TP 0.176 -0.165 0.252 
TN:TP 0.344 0.139 0.277 
BFC:BFN -0.228 0.108 -0.119 
BFC:BFP -0.168 0.002 -0.101 




Table S6.3 Correlation analyses of the relative abundances of cyanobacteria orders with environmental variables. P-values were 
corrected using FDR methods. There were no significant correlations. 
 Caenarcaniphilales Leptolyngbyales Nostocales Others Phormidesmiales Pseudanabaenales Synechococcales 
NDVI -0.118 0.054 0.066 -0.357 0.110 -0.040 -0.315 
NDVI.h -0.057 0.080 0.053 -0.448 -0.037 0.220 -0.370 
NDVI.r 0.065 0.055 0.070 -0.478 0.020 0.262 -0.393 
Altitude 0.139 -0.008 -0.139 0.197 -0.100 -0.263 0.171 
pH 0.140 -0.255 -0.520 -0.149 0.385 0.315 -0.074 
Cond -0.022 -0.036 -0.228 -0.004 -0.270 0.164 0.028 
DOC 0.241 -0.260 -0.214 -0.029 -0.249 0.361 0.05 
TN -0.163 0.191 0.007 0.145 -0.174 -0.164 0.247 
TP -0.221 -0.007 -0.185 -0.013 0.122 0.039 -0.055 
BFC 0.056 0.155 0.328 -0.004 -0.402 0.079 0.251 
BFN 0.047 0.252 0.337 0.003 -0.464 0.095 0.164 
BFP -0.090 0.218 0.398 0.328 -0.398 -0.084 0.465 
DOC:TN 0.081 -0.161 -0.162 -0.134 0.165 0.092 -0.037 
DOC:TP 0.495 -0.143 0.072 -0.042 -0.246 0.410 -0.029 
TN:TP 0.081 0.245 0.335 0.081 -0.071 -0.073 0.132 
BFC:BFN -0.120 -0.261 -0.188 -0.127 0.667 -0.020 -0.01 
BFC:BFP 0.310 -0.223 -0.219 -0.362 0.007 0.268 -0.185 




Table S6.4 Mantel tests between bacterial communities versus C:N:P stoichiometry of 
streamwater and biofilms. Spearman correlations were calculated. P-values were adjusted 
using FDR method. * represents P<0.05. ** represents P<0.01. “All” represents the whole 
communities. “AT” represents abundant subcommunities. “RT” represents rare 
subcommunities. 
 Water  Biofilms 
 DOC:TN DOC:TP TN:TP  BFC:BFN BFC:BFP BFN:BFP 
All 0.067 -0.062 0.136  0.498** -0.093 -0.067 
AT -0.010 -0.136 0.098  0.302** -0.101 -0.111 
RT 0.039 -0.059 0.114  0.485** -0.089 -0.060 
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Chapter 7 Summary 
My dissertation provides insights into the influences of grassland degradation on terrestrial 
and aquatic ecosystems on the Qinghai-Tibet Plateau from the perspectives of C:N:P 
stoichiometry and nutrient limitation, as well insight into impacts on the taxonomic 
structure of bacterial communities in these habitats (Figure 7.1). Although this study was 
not built on long-term observations of grassland degradation processes, contemporary 
spatial patterns of NDVI were used to indicate grassland degradation according to the 
“space-for-time” substitution. Profound influences of grassland degradation on soil and 
aquatic ecosystems are indicated by the results. This research can contribute to the 
understanding, protection, and management of the fragile grassland ecosystems on the QTP. 
 
Figure 7.1 Summary of the main results from this study, showing potential influences of 
grassland degradation on the linked terrestrial-aquatic ecosystems in the Qinghai Lake 
basin. The arrows show the causal relationships connecting variations of nutrient 
concentrations, stoichiometry, and limitation in soil, stream, and lake ecosystems under the 
influence of grassland degradation in this watershed. The red solid arrows in bold show a 
pathway for cascading influences of grassland degradation transferred from soil to streams 
and finally to the lake.  
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In Chapter 2, we quantified normalized difference vegetation index (NDVI) to gauge 
grassland degradation. C, N, and P concentrations and their molar ratios in soil and in soil 
microbial biomass were also measured. The average soil C:N:P stoichiometry was 
144:10:1. The results showed that grassland degradation decreased the concentrations of C 
and N, as well as the ratios of C:N, C:P, and N:P in soil (Figure 7.1a and b). Moreover, C, 
N, and P concentrations in soil microbial biomass decreased with increased grassland 
degradation (Figure 7.1c). C:N:P ratios of soil microbial biomass were highly constrained 
with an average value of 49:8:1. Microbial biomass C:N decreased with decreasing NDVI 
and soil C:N ratio, while microbial biomass N:P decreased with increasing soil N:P (Figure 
7.1d). The results suggest that soil microorganisms exhibited strong homeostatic behavior 
while variations of microbial biomass C:N and N:P ratios suggest changes in microbial 
activities and community structure. Overall, the soil became relatively more P rich and thus 
N limitation is anticipated to be more apparent with grassland degradation.  
In Chapter 3, C, N, and P concentrations and ratios of streamwater and benthic biofilms 
were assessed across this same set of catchments. The results showed that grassland 
degradation tended to decrease DOC, TN, C:N, and C:P of streamwater (Figure 7.1f), 
especially in September. DOC:TN:TP ratios of streamwater had high variabilities with an 
average of 387:169:1. C, N, P biomasses per unit area of stream biofilms also had high 
variabilities but their ratios were relatively constrained, with an average of 471:32:1. 
Moreover, biofilm C, N, and P concentrations and ratios were not closely associated with 
streamwater nutrients or grassland degradation. The complex chemical and biological 
composition of stream biofilms may make their stoichiometry difficult to interpret. 
However, the non-isometric relationships between biofilm C and P, as well as the large 
imbalance between C:N:P ratios of streamwater and biofilms do suggest that stream 
biofilms in this catchment are sensitive to P variation and potentially limited by DOC and 
P (Figure 7.1g and h). Thus, by changing DOC and nutrient supplies, grassland degradation 
may alleviate P limitation but aggravate carbon limitation in stream biofilms. 
In Chapter 4, nutrient concentrations were sampled, and stream nutrient limitation was 
tested by conducting nutrient diffusing substrata (NDS) bioassays in streams flowing 
through sub-basins with different grassland status. To test nutrient limitation and the 
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responses of lake phytoplankton to stream inflows, bioassays were conducted by adding 
different nutrients (N, P, and joint NP) as well as water from different streams to lake water 
with phytoplankton, respectively. The results showed that N concentrations as well as N:P 
ratios increased while P concentrations decreased with increasing normalized difference 
vegetation index (NDVI, an index of vegetation status), suggesting that grassland 
degradation (low NDVI) differentially decreased N availability and increased P availability 
in streams (Figure 7.1f). Consistent with this, relative responses (RR) of stream periphyton 
to P and combined NP enrichments in the NDS bioassays decreased with stream P 
concentrations and increased with streamwater N:P ratios. Lake phytoplankton responded 
strongly to P and combined NP addition, indicating strong P-limitation of lake 
phytoplankton (Figure 7.1k). Responses of lake phytoplankton to streamwater decreased 
with nitrate concentration and N:P ratio in streamwater and increased with the 
concentrations of ammonium, total phosphorus, and soluble reactive phosphorus, 
indicating that low N:P streamwater from degraded sub-catchments is associated with 
increased impact on P-limited lake phytoplankton. Overall, this study suggests that 
grassland degradation differentially influences the nutrients delivered to streams with 
substantial decreases in N:P, alleviating P limitation of stream periphyton (Figure 7.1i) and 
ultimately, stimulating P-limited phytoplankton growth in the lake (Figure 7.1l).  
In Chapter 5, we used high throughput 16S rRNA gene sequencing to characterize soil 
bacterial communities as a function of grassland status and soil conditions. The results 
showed that bacterial alpha diversity had negative relationships with soil moisture, soil 
organic carbon (SOC), total nitrogen (TN), and total phosphorus (TP). Bacterial 
community structure was significantly associated with NDVI, the change rate of NDVI, 
moisture, pH, SOC, TN, as well as soil C:N and C:P ratios. Different bacterial phyla had 
different relationships with these environmental variables. For example, Proteobacteria 
were positively correlated with soil moisture, SOC, TN, and soil C:N and N:P ratios while 
Chloroflexi were negatively correlated with those variables. These results indicate that 




In Chapter 6, we investigated the bacterial communities in stream biofilms in sub-basins 
with different grassland status. The results showed that Proteobacteria, Bacteroidetes, 
Cyanobacteria, and Verrucomicrobia were the dominant bacterial phyla. 7050 OTUs were 
detected in total, within which, 19 were abundant taxa and 6922 were rare taxa. Bacterial 
alpha diversity was positively correlated with carbon (C), nitrogen (N), and phosphorus (P) 
in biofilms per se. The variation of bacterial communities in stream biofilms was closely 
associated with rate of change in NDVI, pH, conductivity, as well as C, N, P contents and 
C:N ratio in biofilms per se. Abundant subcommunities were more influenced by 
environmental variables relative to the whole community and rare subcommunities. The 
results suggest that the history of grassland degradation (indicated as the rate of change in 
NDVI) had the potential to influence bacterial communities in stream biofilms (Figure 7.1j).  
Grassland degradation has long been of considerable research interest in terrestrial ecology. 
Many of the research efforts have focused on quantifying and modeling grassland status as 
well as its influences on terrestrial ecosystem processes (Wu and Tiessen, 2002; Liu et al, 
2004; Bird et al, 2007; Dlamini et al, 2014). In such studies, impacts on aquatic ecosystems 
are not often considered. Thus, it is hard to propose a comprehensive stratagem for 
grassland management or watershed management. Overall, my dissertation helps to fill this 
gap by demonstrating impacts of grassland degradation on nutrients and microbial 
communities in coupled terrestrial-aquatic ecosystems in the Qinghai Lake watershed. 
Contrasting responses of soil and stream ecosystems to grassland degradation were also 
revealed. Potential consequences of grassland degradation were inferred from the 
associations of biological and abiotic properties with spatial patterns of NDVI. This study 
provides data that might help to motivate and guide the protection and management of the 
fragile grassland ecosystems on the QTP in the rapidly changing world.  
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